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Abstract: In the past decade, ozone (Os) pollution has become a severe
environmental problem in major cities in China. Here, based on available
observational records, we investigated the long-term trend of ozone pollution in China
during 2014-2020. Ozone concentrations were slightly higher in urban areas than in
non-urban areas. During these seven years, the highest ozone concentrations primarily
occurred in summer in northern China, and in autumn or spring in southern China.
Although ozone precursors, including nitrogen oxides (NOx) and carbon monoxide

(CO), continuously decreased, ozone concentrations generally increased_throughout

the seven years with a slower increasing rate after 2017. The long-term trend of ozone
concentrations differed across seasons; especially from 2019 to 2020 when ozone
concentrations decreased in summer and increased in winter. To analyze the causes of
this observed trend, a photochemical box model was used to investigate the change in
0zone sensitivity regime in two representative cities — Beijing and Shanghai. Our
model simulations suggest that the summertime ozone sensitivity regime in urban
areas of China has changed from a VOC-limited regime to a transition regime during
2014-2020; by 2020, the urban photochemistry is in a transition regime in summer
but in a VOC-limited regime in winter. This study helps to understand the distinct
trends of ozone in China and provides insights into efficient future ozone control

strategies in different regions and seasons.
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1 Introduction

Tropospheric ozone (Os) is an air pollutant that is detrimental to human health,
vegetation and ecosystem productivity (Ainsworth et al., 2012;Mills et al.,
2018;Monks et al., 2015;Fiore et al., 2009). The inhalation of ozone impairs the
functioning of the human respiratory and cardiovascular systems through its reaction
with the lining of the lung and other surfaces in the respiratory tract (Jindal, 2007).
Ozone is also an important greenhouse gas that leads to positive radiative forcing
(Stocker et al., 2014). A comprehensive characterization of the spatial (latitude,
longitude and altitude) and temporal distribution of tropospheric ozone is critical to
our understanding of these issues. Here we summarize this distribution over China
from the available observational records to the extent possible.

China has undergone rapid economic development, leading to higher demand for
energy, and greater usage of fossil fuels during the past several decades. As a result,
high anthropogenic emissions to the atmosphere have produced severe ozone
pollution in urban areas of China, where daily maximum 8-hour average (MDAS)
ozone concentrations often exceed the standard of 80 ppb (Li et al., 2014;Li et al.,
2019a;Zhang et al., 2014;Lu et al., 2018). In contrast to the generally decreasing
ozone levels in the United States and Europe, available surface ozone observations
have widely shown significant upward trends in China since 1990 in rural areas
(Wang et al., 2009;Ma et al., 2016;Sun et al., 2016;Xu et al., 2020), urban areas (Li et
al., 2019a;Wang et al., 2020;Zhang et al., 2014;Lu et al., 2018), and over regional

scales (Verstraeten et al., 2015;Xu and Lin, 2011). Measured ozone trends in previous

studies are summarized in Table 1. For direct comparison of these results reported in

different units, we have included estimated trends in units of % yr™ for all studies. Xu

and Lin (2011) and Verstraeten et al. (2015) have reported that tropospheric ozone

concentrations increased in summer during 1979-2005 in the North China Plain and

2005-2010 in Eastern China at a rate of 1.1% and 3.0% yr, respectively, based on

satellite measurements. Urban ozone concentrations increased significantly in Beijing,
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Shanghai, Hongkong, Sichuan Basin and other cities during the past one to two

decades at rates of 2.0 to 6.7% yr' (Gao et al., 2017:Cheng et al., 2016:Wang et al.,

2020:Chen et al., 2021b:Li et al., 2020:Lu et al., 2018). A significant increase in

ozone (+1.6% yr!) was detected at Shangdianzi, a rural site in the North China Plain

(Ma et al., 2016). A moderate increase was detected at the global background site

(Waliguan site) in western China (+0.44% yr1) (Xu et al., 2018:Xu et al., 2020). No

significant trend was detected at either the eastern coastal Changdao site (Wang et al.,

2020) or the Longfengshan site on the northeastern edge of China (Xu et al., 2020)..

In general, these studies show that ozone concentrations in China have risen in the

past three to four decades. As a result, China has become a global hot spot of ground-

level ozone pollution. The present annual mortality attributed to long-term ozone
exposure in China is estimated to be ~50,000 to 316,000 deaths (Liu et al.,
2018;Malley et al., 2017).

Global model simulations suggest that the average lifetime of ozone in the
troposphere is about 22 days (Stevenson et al., 2006;Young et al., 2013). In the free
troposphere at northern midlatitudes, where prevailing westerly winds dominate, the
net ozone lifetime is considerably longer, and is greater than the transport time around

the Earth (Trickl et al., 2011). Consequently, the increase in ozone in China not only
influenced domestic public health, but also influenced downwind countries (Brown-

Steiner and Hess, 2011;Lin et al., 2012) and thus increased global background ozone
concentrations. Several studies indicate that rising Asian emissions influenced
baseline ozone concentrations in America and Europe through the hemispheric
transmission of ozone and its precursors (Cooper et al., 2010;Verstraeten et al., 2015).
The baseline ozone concentrations at northern midlatitudes increased at an average
rate of ~ 0.60 ppb year* from 1980 to 2000 (Parrish et al., 2020). Such an increase in
baseline ozone concentrations makes it more difficult to further reduce ozone in
America and Europe. Gaudel et al. (2020) reported that tropospheric ozone has
increased above 11 regions of the Northern Hemisphere since the mid-1990s.

Therefore, a detailed characterization of ozone pollution in China will aid
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understanding of the variation in baseline ozone and guide the reduction of ozone
throughout northern midlatitudes.

Chinese government launched the Air Pollution Prevention and Control Action

Plan in 2013-2017 and the Clean Air Action plan in 2018-2020 to reduce

anthropogenic emissions (Cheng et al., 2019). In this case, 0zone precursors

decreased a lot while ozone pollution remained severe (Shao et al., 2021). Therefore,

it is necessary to clearly understand the response of ozone to precursors’ changes. The

response of ozone to precursors’ changes is primarily determined by the ozone

precursor sensitivity. Wang et al. (2021) has analyzed the ozone precursor sensitivity

using satellite observations of formaldehyde to NO2. There are more other studies

analyzing the ozone precursor sensitivity by using chemical transport models (Chen et

al., 2021a;Kang et al., 2021;Li et al., 2019a). Comprehensive measurements of Os

precursors (VOCs and NOx) and meteorological factors (photolysis freqguencies,

temperature and humidity) help to better identify the ozone precursor sensitivity

(Kleinman et al., 1997:Kleinman, 2005). In this study, with comprehensive

measurement data constrained in the observation-based box model, the ozone

sensitivity regimes can be better diagnosed (Wang et al., 2020) and become

complimentary to early studies. The goal of this study is to elucidate the spatial

distribution, seasonal variation and temporal trends of ozone as well as the ozone

precursor_sensitivity in China by using comprehensive surface observations. Our

study will provide a better understanding of the response of ozone to emission
reductions, and inform the development of control measures to effectively mitigate

ozone in the future.

2 Method

2.1 Measurements

Hourly surface Os, nitrogen dioxide (NO2) and carbon monoxide (CO)

concentrations during 2014-2020 were obtained from the public website of the China

5
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Ministry of Ecology and Environment (MEE) (https://quotsoft.net/air/). The surface
monitoring network covered 940 stations in summer 2014, and extended to 1669
stations by 2020 (~330 cities). The Os concentrations at 750 sites with continuous
observations over these 7 years were analyzed. These measurements document the air
quality in Chinese cities and have been analyzed in recent studies (Li et al., 2019a;Lu
et al., 2018). Total solar radiation data in 2013 were acquired from the meteorological
data set of fundamental meteorological elements of China national weather station
(V3.0), but data after 2013 are unavailable.

The Tropospheric Assessment Report (Fleming et al., 2018) used the population

density together with NOAA night-time lights to classify the urban and non-urban

sites. Given that it is not easy to acquire the night-time light data in China, urban and

non-urban sites are distinguished by population density in this study. Population
density data were acquired from Gridded Population of the World (GPW), v4;

https://sedac.ciesin.columbia.edu/data/set/gpw-v4-population-density-revll. This is a

dataset of the world population gridded at ~5 km resolution. According to the China
Statistical Yearbook in 2018 (China Statistics Press, 2018), China's urban population
density was 2500 people/km?. In the following analysis, urban sites correspond to
population density >2500 people/km?, and non-urban sites correspond to population
density <2500 people/km?,

To reflect the breadth of different health-related indicators used globally, four
metrics—AVGMDAS8, 4AMDAS8, NDGT70, SMMDA1—are used here to characterize
ozone pollution levels. The definitions of these metrics are given in Table 1.
AVGMDAS represents the mean value of daily maximum 8 h average (MDAS8) ozone
concentrations, and 4MDAGS8 represents the annual 4th highest (MDAS8) ozone
concentrations; SAMMDAL represents the annual maximum of the 3-month running
mean of the daily maximum 1-hour (MDAL) ozone concentrations. Since these
metrics are determined from different parts of the distribution of ozone concentrations,
their spatial distribution and temporal variation may differ. We derived all metrics
from the hourly measurements that were filtered by data quality control procedures
following the Tropospheric Ozone Assessment Report (TOAR) data completeness

6
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requirements and procedures_(Lefohn et al., 2018). The calculations of AVGMDAS,
4AMDAS8, NDGT70 are based on MDAS8 ozone concentrations. MDA8 o0zone
concentration is the maximum value of 8-hour running averages calculated from 0 h
to 23 h local time. Note that if the data availability at a certain site is less than 60%
(i.e., less than 5 hours for 8-hour averages or 15 hours for one day), the MDAS value
was considered missing. For the calculation of these metrics (AVGMDAS, 4MDAS,
NDGT70), if less than 60% of MDAS8 values are available (i.e., less than 220
MDAB8values for a year or 55 MDAS8 values for a season), the annual mean or
seasonal mean values of the metrics at a certain site were considered missing. The
calculation of 3SMMDA1 was based on the daily maximum 1-hour (MDAL) ozone
value. Similar to the MDAS ozone value, if less than 60% of data are available (i.e.
less than 15 hours for one day), the MDAL value at a certain site was considered
missing. For the calculation of 3SMMDAL, if less than 60% of MDAL values are
available (i.e. less than 55 MDAJ1 values for three months and 220 MDA values for a
year), the SMMDAL1 value at a certain site was considered missing.

Beijing and Shanghai are the two largest cities in China and have undergone
severe ozone pollution in the past decade (Wang et al., 2020;Xu et al., 2019).
Measurement data in Beijing and Shanghai were analyzed to show the variation
characteristic of ozone sensitivity regimes. The data of Os, NO2 and CO were
acquired from the public website of the China Ministry of Ecology and Environment
(https://quotsoft.net/air/). VOCs, and meteorological factors (including temperature,
relative humidity, photolysis frequencies and air pressure) were measured during
2014-2020 at two representative urban sites in Beijing and Shanghai: Peking
University and Shanghai Academy of Environmental Sciences. Temporal trends and
composition of VOCs at the two sites were considered to be representative across
Beijing and Shanghai (Wang et al., 2010;Xu et al., 2011;Zhang et al., 2012). VOCs
were measured using a commercial gas chromatography-mass spectrometer/flame

ionization detector (GC-MS/FID) system coupled with a cryogen-free

preconcentration device (Wang et al., 2014). The system contains two-channel

sampling and GC column separation which is able to measure C2—C5 hydrocarbons

7



207

208

209

210

211

212

213

214

215

216

217

218

219

220

221

222

223

224

225

226

227

228

229

230

231

232

233

with the FID in one channel and measure C5-C12 hydrocarbons using MS detection

in the other channel. The time resolution was 1 h, and ambient air was sampled during

the first 5 min of each hour for both channels. The uncertainties for VOC

measurements by GC-MS/FID are estimated to be 15 %-20 % (Wang et al., 2014).
2.2 Zero-dimension photochemical box model

A zero-dimension photochemical box model was used to simulate the sensitivity
of ozone production and loss to its precursor concentrations. Compared with regional
3-D models, the box model has the advantage that it can be constrained by
comprehensive measurements to eliminate the uncertainty from emission inventories.
The box model includes MCM v.3.3.1 as the chemical mechanism. Hourly averages
of CO, NO2, NO, O3, SO2, VOCs (56 species), formaldehyde, acetaldehyde,
photolysis frequencies, temperature, air pressure, and relative humidity were used as
model constraints. HONO was not measured, and thus was calculated according to the
concentration of NO2 and the observed ratio of HONO to NOz in Beijing (Hendrick et
al., 2014). The model simulations were performed in a time-dependent mode with
spin-up of two days. For physical removal processes, a 24-h lifetime was assumed for
all simulated species, which approximately simulates the effects of dilution and
surface deposition. This modeling approach has been used previously (Wang et al.,
2019;Wang et al., 2020;Wang et al., 2021b).

RO2, HO2 and OH radicals were simulated by the box model to calculate the net
ozone production rate (P(Os)) and ozone loss rate (L(Os))as shown in Equation (1)

and (2) as derived by Mihelcic et al. (2003).
P(03) = kno,+no[HO21INO] + Xi(kko,+no[ROZ]INO]) — konsno, [OH][NO,] —
L(03) ()

L(03) = (8j(0'D) + kopy+0,[0H] + kyo,+0,[HO,] +

2J'(kc];lkene+03 [alkenej]) [03] 2

where 0 is the fraction of O'D from ozone photolysis that reacts with water vapour,
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and i and j represent the number of species of ROz and alkenes, respectively.

3 Results and Discussion

3.1 The spatial distribution and seasonal variation of ozone pollution

Figure 1 presents the spatial distributions of the mean values of four ozone
metrics (AVGMDAS8, 4AMDAS8, NDGT70 and 3SMMDAJ1) at non-urban and urban sites
in China during 2014-2020. The spatial distribution was similar between urban and
non-urban sites for all four metrics; for example, warm-season AVGMDAS8 O3
concentrations at 74% of urban sites and 67% of non-urban sites exceed the air quality
standard Grade 1 limit of 50 ppb. Hot spots of ozone pollution mainly occurred in the
more economically developed areas in northern, eastern and central China. At both
urban and non-urban sites, the highest regional average ozone concentrations occur in
the North China Plain with the average warm-season AVGMDAS8 Os concentration of
66 ppb, significantly higher than the corresponding national average value of 54 ppb.
Although the solar radiation in the North China Plain is not the strongest across China
(Jiang et al., 2019), North China Plain has a large density of urban and industrial
activities. Previous studies denote that the North China Plain has the highest NOx and
VOCs emissions over China (Liu et al., 2016;L.i et al., 2019b). This clearly indicates

that ozone pollution is closely related to anthropogenic activities. In addition, the high

O3 concentration over the North China Plain is also related to the high temperature

extremes (Wang et al., 2021a).

The month in which the 3SMMDAL ozone concentration occurred is defined as
the middle month in the 3 months of 3SMMDA1, which can indicate the season when
maximum ozone pollution occurred. As shown in Fig. 2, the month in which the
3MMDAZ1 ozone concentration occurred shows a significant spatial variation. In most
years, the SMMDAL ozone concentration in northern China (north of the Yangtze
River) occurred mainly in summer (June, July and August), whereas in southern

China (south of the Yangtze River), it occurred in autumn (September, October and

9



261

262

263

264

265

266

267

268

269

270

271

272

273

274

275

276

277

278

279

280

281

282

283

284

285

286

287

288

289

290

November) or spring (March, April, May). In northern China, sunlight intensity is
highest in summer and photochemical production from anthropogenic and biogenic
precursors maximizes. In southern China, the southwest monsoon prevails in summer
leading to an inflow of marine air with low ozone concentrations and reduced
photochemical ozone production due to more cloudy and rainy weather (Yin et al.,
2019); thus in this region the highest ozone usually appears in autumn when sunlight
intensity maximizes.

It is notable that the SMMDAL ozone concentration mainly occurred in spring in
both Heilongjiang and Yunnan provinces, which are located in northeast and
southwest China, respectively. This is consistent with a previous study reporting that
Yunnan province and northeast China had peak Os in spring 2014-2017 (Yin et al.,
2019). A springtime maximum was also found for the column Os in Yunnan retrieved
from satellite data (Xiao and Jiang, 2013). The occurrence of maximum ozone
concentrations in spring has been attributed to several factors, including 1) the peak
occurrence of stratospheric intrusions, 2) photochemistry of precursors built up during
winter, and 3) biomass-burning either as forest fires or for land clearance (Monks et
al., 2015). Heilongjiang province is located in the northernmost part of China
(43°26'N-53°33'N) with relatively low temperature and light intensity, and thus its
photochemical production of ozone is weak all year round. We surmise that the
springtime maxima of ozone in this province is due to the first two causes: the
stratospheric intrusion of ozone in spring (Stohl et al., 2003), and ozone production in
spring from accumulated precursors that were emitted from coal burning for heating
during the wintertime. Yunnan province is located in a plateau area with average
altitude of 2000 m; the elevated terrain of this province is more likely to be influenced
by the descending free tropospheric air masses with high ozone concentrations from
the stratospheric origin (Stohl et al., 2003;Cooper et al., 2012). Additionally, higher
sunlight intensity in spring at this lower latitude province is also conducive to
photochemical production of ozone.

We also compared the seasonal variations in MDAL1 ozone concentrations in
three typical Chinese city clusters, Beijing-Tianjin-Hebei (BTH), Yangtze River Delta

10
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(YRD) and Pearl River Delta (PRD) (Fig.3). In each city cluster there is a distinct
seasonal ozone pattern: a sharp unimodal distribution with a summer maximum in
BTH, a broad distribution with a spring maximum in YRD, and a less distinct,
unimodal distribution with an autumn maximum in PRD. Meteorological factors
determine the different ozone distribution patterns; most importantly PRD and YRD
received more precipitation in summer than BTH, and that PRD was especially
affected by the inflow of marine air during the southwest monsoon. Furthermore, in
PRD typhoons led to less cloud cover, and thus more solar radiation in autumn, which
accelerated Os production (Qu et al., 2021). As shown in Fig. 3, the seasonal
variations in ozone in the three city clusters are overall consistent with those of solar
radiation in representative cities of the three city clusters (Beijing in BTH, Shanghai
in YRD and Guangzhou in PRD). This result indicates that the local photochemistry

driven by solar radiation plays a crucial role in 0zone seasonal variations.

3.2 Temporal trend of ozone pollution
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Figure 4 summarizes variations of four ozone metrics (warm season AVGMDAS,
4MDA8, SMMDAL1 and NDGT70) during 2014-2020 for Chinese urban and non-
urban sites. Figure S1 presents the spatial distribution of warm season AVGMDAS
ozone concentrations at urban and non-urban sites for each year during 2014-2020.
The levels of these four metrics at urban sites were slightly higher than at non-urban
sites with difference less than 8% (Fig. 4). These results in China differ from those in
Europe and North America, where the mean levels of these metrics at urban sites were
slightly lower than those at non-urban sites (Fleming et al., 2018). From 2014 to 2020,
the trends of ozone were generally similar between urban and non-urban sites. The
four metrics all generally increased from 2014 to 2020 with the increasing rate getting
slower after 2017. Overall, the rapid increase in ozone concentrations in China has

either slowed or ended (depending upon metric) after 2017. During 2014-2017,

AVGMDAS and NDGT70 increased at rates of 7.4% vyr! and 20% vyr?! respectively.

AMDAS8 and SMMDAZ1, which characterize extremely high ozone levels, increased at

rates of 3.7% yr! and 3.5% vyr?! respectively. Obviously, the increasing rates of

AMDAS8 and SMMDA1 were significantly slower than those of AVGMDAS8 and

NDGT70. In Fig. 4, the variations in the four metrics are fitted by quadratic functions.
The quadratic polynomial coefficients are all negative and statistically significant for
the four metrics, which is strong evidence that the increasing trend has slowed.
Because the trends of ozone are generally similar between urban and non-urban
sites (Fig. 4), the nationwide (including both urban and non-urban) AVGMDAS8 was
used to analyze ozone trends for different seasons. Figure 5 shows variations in
seasonal and annual AVGMDAS8 during 2014-2020. For the national average,
AVGMDAS8 was highest in summer, followed by spring, autumn, and winter. This
metric increased in all four seasons from 2014 to 2017, with the fastest increase in

12
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spring (3.1 ppb yr?, r>=0.94), followed by winter (2.9 ppb yr?, r>=0.91), summer (2.0
ppb yr?, r>=0.90) and autumn (1.2 ppb yr?, r>=0.81). The annual average increased at
a rate of 2.0 ppb yr? (r?=0.95) from 2014 to 2017. The more rapid increase of ozone
concentration in spring than in summer resulted in a decrease in the gap between the
two seasons. This is consistent with a recent study reporting that ozone pollution in
the North China Plain extended to the spring season (Li et al., 2021). After 2017,
AVGMDAS remained relatively stable in summer and spring, but still increased
significantly in autumn and winter. Compared with 2019, the seasonal average MDAS8
ozone concentration decreased by 5.5 ppb in summer 2020, but increased by 5.1 ppb
in winter 2020. Figure 6 illustrates the spatial patterns of the summer and winter
changes in seasonal average MDA8 Oz from 2019 to 2020. In summer ozone
decreased significantly in most regions of China, with greater decreases in central
China and the North China Plain. In winter, ozone increased significantly throughout
China. The cause of these changes will be discussed in Section 3.3.

The trends of the ozone precursors, NO2 and CO, were investigated based on the
observational data. As shown in Fig. 7, both NO2 and CO decreased significantly
from 2014 to 2020 for both annual and seasonal averages. Notably, NO2 decreased
faster after 2017 than before 2017. Both the MEIC inventory and OMI NO:2 data show
a decrease during 2013-2019 (Shah et al., 2020), which is consistent with our result.
The emission inventory suggests that VOCs emissions were stable during 2013-2019
in China (Li et al., 2019b;Zheng et al., 2021). In 2020 VOCs, CO and NOx emissions
decreased significantly in winter but only slightly in summer, compared to 2019
(Zheng et al., 2021), which is consistent with the changes of measured NO2 and CO
(Fig. 7).

Figure 8 shows the trend of measured VOCs reactivity in Beijing and Shanghai

in summertime during 2014-2020. The VOCs reactivity is defined as the sum of all

VOCs concentrations multiplied by their respective reaction rate coefficients with OH,

as shown in Eqg. 3. The VOCs reactivity is more related to ozone production rate than

VOCs concentrations (Zhang et al., 2014;Wang et al., 2020;Wang et al., 2021c). The

summertime VVOCs reactivity decreased at a rate of -0.39 s (-7.5%) yr? (r>=0.56) in

13
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Beijing and -0.46 s* (-8.4%) yr! (r>=0.59) in Shanghai. It is notable that the trends of

VOCs reactivity in Beijing and Shanghai are different from that of VOCs emissions

across China.

VOCs reactivity = Y. kyoc,[VOC] (3)

kyoc,_represents the reaction rate coefficients between OH radicals and VOC species i.

[VVOCi] is the concentration of VOC species i. n is the number of VOC species.

3.3 The impact of photochemistry on ozone temporal trend

Ozone concentrations are influenced by photochemical processes that depend on
precursor concentrations and meteorological conditions. Changes in ozone precursor
emissions, particularly VOC and NOx, are the primary factors driving ozone trends in
China. The relationship between Os and its precursor concentrations is generally
nonlinear—a decrease in precursor concentrations does not necessarily result in a
corresponding decrease in Oz concentration. Differing responses of ozone production
to VOC and NOx emission changes allow three ozone sensitivity regimes to be
distinguished: VOC-limited, NOx-limited and transition regimes (Kleinman,
1994;Kleinman et al., 1997). In this section, based on comprehensive measurements
in Beijing, the impact of photochemical regimes on the temporal trend of ozone in
urban areas of China was discussed.

As discussed in Section 3.2, in summer when ozone pollution is most severe,
ozone increased from 2014 to 2017, but remained relatively stable after 2017 (Fig. 5).
To explore the impact of photochemical regimes on the temporal trend of ozone in
summer, the zero-dimensional photochemical box model constrained by long-term
measurements in Beijing and Shanghai was used to examine the variation in the
sensitivity of ozone to precursor emissions. The ozone sensitivity regime was
diagnosed by testing the response of P(Os) as calculated from Equation (1) to the
changes of VOCs and NOx concentrations (Fig. 89). The box model simulations
suggest that in Beijing VOC reduction would significantly decrease ozone during all
seven years, while NOx reduction would significantly increase ozone during 2014—
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2017 but only slightly increase ozone in 2018 and slightly decrease ozone during
2019-2020. The 2014-2018 results are consistent with the VOC-limited regime in
which a reduction in VOCs is effective in mitigating ozone production, while a
reduction in NOx increases ozone production. The 2019-2020 results are consistent
with the transition regime in which reductions of either VOCs or NOx can decrease
ozone production. These results indicated that the summertime photochemical
environment in Beijing shifted from a VOC-limited regime to a transition regime. The
Shanghai simulations show similar behavior in terms of the shift in the photochemical
regime.

Previous 3-D model studies have reported results similar to our box model
simulation; urban areas in China were in the VOC-limited regime in the summer of
2013-2017, but in the transition regime after 2017 (Shao et al., 2021;Kang et al.,
2021;Lietal., 2019a). Tang et al. (2021) showed that ozone production in Beijing was
transitioning from VOC-sensitive to NOx-sensitive over the 2013-2018 period. The
sharp decrease in NOx combined with a smaller change in VOCs in Shanghai has led
to a shift in the O3z production from a VOC-limited regime to a NOx-limited regime
over the past decade (Xu et al., 2019). In addition to model studies, satellite-observed
HCHO/NO: ratios also indicate that there is a shift in the North China Plain, YRD
and PRD from the VOC-limited regime to the transitional regime, which is associated
with a rapid drop in anthropogenic NOx emissions from 2016 to 2019 (Wang et al.,
2021d). These studies agree that ozone sensitivity in summer in urban areas of China
has gradually changed from a VOC-limited regime to a transition or NOx-limited
regime due to faster decreases in NOx emissions than in VOC emissions over the past
decade. Therefore, we surmise that the rapid increase of summertime ozone during
2013-2017 is due to the decrease in NOx under VOC-limited conditions, and that the
slowing of the summertime ozone increase after 2017 is due to decreased NOx
emissions and relatively stable VOC emissions under the transition regime conditions.
This finding lends more confidence to the effective reduction in summertime ozone
through continued reductions in VOC and NOx emissions.

Another issue is that compared to 2019, MDAS8 ozone concentrations decreased
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in summer but increased in winter in 2020 (Fig. 5 and 6) despite the decrease of NOx,
CO and VOCs (Fig. 7). Based on measurements in Beijing and Shanghai in 2019, the
observation-based box model was used to examine the sensitivity of ozone to
precursors in summer and winter. As shown in Fig. 910, in the summer of 2019,
Beijing and Shanghai were in the transition regime, when reductions in VOCs and
NOx both decreased the integrated ozone production rate. In winter it was in the
VOC-limited regime, when reduction in VOCs decreased, but reduction in NOx
increased, the ozone production rate. This result demonstrates that summer and winter
had different ozone sensitivity characteristics in 2019. Based on WRF-Chem model
simulations, Kang et al. (2021) also reported that ozone sensitivity entered the
transition or NOx-limited regime in summer 2020, but was still in the VOC-limited
regime in winter 2020. In addition, the WRF-Chem model results by Le et al. (2020)
indicate that the chemical regime was VOC-limited during the COVID-19 pandemic
lockdown in winter 2020 in China and the decrease in NOx led to significant ozone
increases. These studies are consistent with our simulation results in Beijing. The
difference in ozone sensitivity regimes between winter and summer is likely to be a
crucial cause of opposite ozone changes between winter and summer in 2020.
Although ozone production rates and concentrations are much smaller in winter,
ozone can influence particulate matter (PM) formation through increasing the
atmospheric oxidizing capacity in this season (Le et al., 2020). Therefore, different
ozone sensitivity regimes between winter and summer should be fully considered to
effectively mitigate both ozone and PM in the two seasons.

Furthermore, the influence of meteorological factors on the ozone change from

2019 to 2020 was investigated. Table S1 shows the average values of primary

meteorological factors including temperature, relative humidity, wind speed, wind

direction, air pressure and photolysis frequency of NO2 (j(NQO>)) in 2019 and 2020 in

Beijing and Shanghai. Temperature increased in winter but decreased in summer from

2019 to 2020. Previous studies indicate that ozone concentrations show a positive

correlation with temperature (He et al., 2017;Jacob and Winner, 2009). We surmise

that the changes in temperature may partly contribute to the contrasting changes in
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ozone concentrations between summer and winter from 2019 to 2020. Besides

temperature, the significant changes in relative humidity may also influence the ozone

change. j(NO2) maintained stable in both winter and summer from 2019 to 2020,

indicating a minor effect of photolysis frequencies on ozone changes.

3.4 Additional considerations

There are several limitations of this study. One limitation is that the VOCs

measurement data are only available in two megacities — Beijing and Shanghai. The

trends of VOCs in Beijing and Shanghai cannot fully represent that in the whole

country. As a result, the influence of the VOCs variation on the ozone trend across

China is not completely elucidated. The diagnosis of ozone precursor sensitivity is

also based on measurement data in the two megacities, which may not reflect the

situation of the whole country. Another limitation of this study is that the

photochemical box model is constrained by observations near the ground, hence may

not accurately represent some aspects of the photochemistry throughout the boundary

layer. The ozone precursor sensitivity in the upper layer of the boundary layer

probably differs from that near ground under certain conditions due to varied VOCs

and NOx levels and meteorological factors with height (Zhang et al., 2018;Sun et al.,

2018). Therefore, to acquire a more broaden and comprehensive diagnosis of ozone

precursor sensitivity, the measurement of VOCs in more cities and over the whole

boundary layer is required in the future. Lastly, the transport effect of ozone is

important in ozone pollution in China (Han et al., 2018;Shen et al., 2022;Yang et al.,

2022). However, our study has not considered the transport effect which probably

plays a crucial role in ozone trend and may also lead to uncertainties concerning the

dignosis of ozone precursor sensitivities.

4 Conclusions

During the past decade, China has devoted substantial resources to improving the
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environment. These efforts reduced atmospheric particulate matter loading, but
ambient ozone levels increased (Shao et al., 2021). We present a detailed
characterization of the spatial distribution and temporal trend of ozone over China
based on nationwide hourly ozone observations, and find that:
(1) Maximum ozone concentrations primarily occur in summer in northern China, but
in autumn or spring in southern China. Meteorological factors, especially solar
radiation and the southwestern monsoon, play key roles in the regional contrast of the
seasonal variations.
(2) Four ozone metrics (AVGMDAS, 4MDAS8, NDGT70, 3SMMDAL1) increased from
2014 to 2017, and remained relatively stable after 2017. These metrics were generally
higher at urban sites than at non-urban sites. The trend of ozone concentrations
differed across seasons; especially from 2019 to 2020 when ozone concentrations
decreased in summer and increased in winter.
(3) Simulations by an observationally constrained box model and previous 3-D model
simulations agree that the ozone sensitivity in summer in urban areas of China
graduaty-changed from the VOC-limited regime to a transition regime. This increases
our confidence in the reduction of both VOC and NOx emissions as an effective
approach to further reducing summertime ozone. Box model simulations also indicate
that the urban photochemistry is still in the VOC-limited regime in winter in 2020.
Our study provides an improved understanding of the past and future response of
ozone to emission reductions in China, and can inform control measures for effective

future reductions of ozone.
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556  Figure 1. Spatial distribution of four ozone metrics (AVGMDAS, 4MDAS8, SMMDAL,
557  NDGT70) at urban and non-urban sites averaged over 2014-2020. AVGMDABS is the
558 mean MDAS8 Os in the warm season (April to September); other metrics are annual
559  values.
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564  Figure 2. Spatial distribution of the month in which 3AMMDAL ozone concentration
565  occurred during 2014-2020. Rectangles included in the 2018 map in the northeast and
566  southwest China represents the Heilongjiang and Yunnan provinces, respectively.
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Figure 3. (a), (b) (c): Seasonal variations in monthly mean MDAl ozone
concentrations over all sites in BTH, YRD and PRD during 2014-2020. (d), (e), (f):
Seasonal variations in monthly mean solar radiation in representative cities of the
three city clusters (Beijing in BTH, Shanghai in YRD and Guangzhou in PRD) in
2013.
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Figure 4. Variations in four ozone metrics (AVGMDAS8, 4MDA8, 3SMMDAL and
NDGT70) at urban and non-urban sites during 2014-2020. AVGMDAS8 is the mean
MDAB8 Os in the warm season (April to September), and the other metrics are annual
values. Shaded areas represent the range of mean values *the 50% standard deviation
for each metric. The dashed lines are fitted by the polynomial function (y=a+bx+cx?).
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591  Figure 5. Variations in seasonal and annual AVGMDAS8 Os levels during 2014-2020.
592  The trends for spring, summer and annual averages are fitted by the polynomial
503  function (y=a+bx+cx?) and the trends for autumn and winter are fitted by the linear
594  function (y=a+bx). The quadratic polynomial coefficient ¢ (=zone standard deviation)
595  and the determination coefficient r? are given.
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Figure 6. The change in seasonal averages of MDA8 Os from 2019 to 2020 in summer

(a) and winter (b), China.
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622  Figure 89. Sensitivity of summertime mean daytime net ozone production rate [P(Os)]
623 to VOCs and NOx simulated by the photochemical box model during 2014-2020 in
624  Beijing (a) and Shanghai (b). VOCs and NOx are decreased by 20% to test the
625  fractional change of P(QOg).
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Figure 910. Sensitivity of net ozone production rate [P(O3)] to 20% reductions in
VOCs and NOx emissions for summer and winter 2019 in Beijing and Shanghai.
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632

633  Table 21. The reported trends of ozone concentration in China.
Spatial scale Region Period Metrics Ozone trend References
Eastern China 2005-2010  average ozone +0.23 DU (+1.1%) yr  Verstraeten et al.
Regional scale column (2015)
North China 1979-2005  average tropospheric +1.1 DU (~+3%) Xu and Lin (2011)
Plain ozone residual decade™
Beijing 2006-2016  MDAS8 +2.6 ppb (+3.3%) yr Wang et al. (2020)
Beijing 1995-2005  daytime average +1.0 ppb (+2.0%) yr* Ding et al. (2008)
Beijing 2001-2006  daily average +1.1 ppb (+4.1%) yr Tang et al. (2009)
Urban areas Beijing 2002-2010  average ozone +1.6 DU (+3.1 %) yr  Wang et al. (2012)
column
Beijing 2004-2015 MDAS +1.14 ppb (+2.9%) yr*  Cheng et al. (2016)
Shanghai 2006-2016  daily average +1.1 ppb (+6.7%) yr* Gao et al. (2017)
Hong Kong 1994-2007  daytime average +0.58 ppb (+2.0%) yr!  Wang et al. (2009)
Pearl River Delta 2006-2019 95" percentile +0.71 ppb (+1.3%) yr!  Lietal. (2022)
Sichuan Province 2013-2020 MDAS +2.0 ppb (+4.8%) yr Chen et al. (2021b)
Chinese  urban 2013-2019 MDAS8 +2.4 ppb (+5%) yr! Lu et al. (2020)
sites
Shangdianzi 2004-2016  daytime average +0.67 ppb (+1.6%) yr*  Maet al. (2016);
Xu et al. (2020)
Rural sites Waliguan 1994-2016  daytime average +0.21 ppb (+0.44%) yr'  Xu et al. (2020)
Akedala 2009-2016  daytime average -1.3 ppb (-3.3%) yr? Xu et al. (2020)
Longfengshan 2005-2016  daytime average No trend Xu et al. (2020)
Lin’an 2005-2016  daytime average No trend Xu et al. (2020)
Xianggelila 2007-2016  daytime average No trend Xu et al. (2020)
Changdao 2013-2019 MDAS8 No trend Wang et al. (2020)
634
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635

636 Table 12. Description of ozone metrics used in this study.

Metric Definition

MDAS (ppb) daily maximum 8 h average, AVGMDAS represents mean
MDAB8 O3 in the focused period.

MDAL (ppb) daily maximum 1 h average; AVGMDAL represents mean
MDAL in the focused period

4AMDAS (ppb) The annual 4th highest MDAS Os.

NDGT70 (days) The annual total number of days with MDAS8 O3 >70 ppb.

3MMDA1 The annual maximum of the 3-month running mean of the

daily maximum 1-hour ozone value. This metric has been
used to quantify mortality attributable to long-term ozone
exposure. The month in which the 3MMDA1 ozone
concentration occurred is the middle month in the 3 months
of SMMDAL1.
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