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Referee comment to acp-2020-576-RC1 

The manuscript by Yu et al. reports one-year concurrent measurement of airborne PAHs at 12 

sites across China. Size-segregated PAHs together with typical organic markers are measured 

to evaluate health risks of PAHs in different size particles and attribute emission sources of 

PAHs over different regions in China. The finding that toxic PAHs are concentrated in ultrafine 

particles is particularly interesting. The authors also find that PAH pollution is high in the 

northern China and nation-widely increases in wintertime, due to the unfavorable 

meteorological conditions and enhanced emissions of coal combustion and biomass burning. I 

think this is an important work nowadays in China as well in the global air pollution community. 

Overall this manuscript is well-organized and well-written and should be accepted after the 

authors address the minor issues below. 

Major comments: 

1. The PM samples were collected in 6 regions of China, including urban, sub-urban and remote 

sites. The authors are suggested to add more comparison of PAH concentrations and 

compositions among different types of sampling sites. 

Reply: Thank you for your suggestion. In the revised manuscript, we add more discussion on 

∑24PAHs concentrations, compositions, sources and BaPeq concentration and sources among 

different types of sampling sites. And Figure 1-4 were added in supporting information file and 

the revised manuscript as Figure S2, Figure S4, Figure S5 and Figure S6. Figure 5 and Figure 

6 was added in the revised manuscript as Figure 7b and Figure 7e. (The line numbers here refers 

to the ‘tracking changes’ file) 

“The concentrations of ∑24PAHs at urban sites (82.7 ng m-3) were significant higher (p<0.05) 



than those at sub-urban (48.0 ng m-3) and remote sites (18.0 ng m-3) (Figure 1) (Line 228-229). 

And BePeq (Figure 2) and ILCR (Figure 3) were both the highest at urban sites. All these 

indicated that people in urban regions of China were faced with higher exposure risk of PAHs 

pollution as compared to those in rural and remote areas. Figure 4 exhibits that 4- and 5-rings 

PAHs are the majority in ∑24PAHs at urban, sub-urban and remote sites, which totally accounted 

72.2, 63.8 and 66.6% of the total amounts in TSP, respectively. The percentage of 5-rings PAHs 

dominates at urban sites, and 4-rings PAHs makes the largest proportion at sub-urban and 

remote sites (Line 244-250). PMF result showed that at urban and sub-urban sites coal 

combustion was the largest source of ∑24PAHs (70.4 ng m-3, 85.1% and 30.5 ng m-3, 63.5%), 

followed by biomass burning (10.1 ng m-3, 12.2% and 16.3 ng m-3, 33.9%) and vehicle emission 

(2.2 ng m-3, 2.6% and 1.2 ng m-3, 2.5%), while at remote sites the contributions of coal 

combustion (9.1 ng m-3, 50.6% ) and biomass burning (7.8 ng m-3, 43.7%) were comparable 

and vehicle emission (1.0 ng m-3, 5.7%) had minor contributions (Figure 5) (Line 410-415 ). 

Coal combustion was the predominated source of BaPeq, and its contribution at urban sites (8.3 

ng m-3 and 96.4%) were larger than those at sub-urban (3.3 ng m-3 and 90.8%) and remote (1.0 

ng m-3 and 82.5%) sites. (Figure 6)” (Line 426-428) 



 

Figure 1 Concentrations of ∑24PAHs at urban, sub-urban and remote sites. 



 

Figure 2 Concentrations of BaPeq at urban, sub-urban and remote sites. 



 

Figure 3 ILCR at urban, sub-urban and remote sites. 



 

 

Figure 4 PAHs composition at urban, sub-urban and remote sites. 

 

Figure 5 Difference of ∑24PAHs sources at urban, sub-urban and remote sites. 



 

Figure 6 Difference of BaPeq sources at urban, sub-urban and remote sites. 

 

2. As I know, the national standard is not for BaPeq but BaP. The authors should directly compare 

measured BaP levels with the national standard. 

Reply: Yes, the national standard (1.0 ng m-3) is for BaP. In the revised manuscript, we directly 

compare measured BaP levels with the national standard. 

“Annual averages of BaP in TSP among the 12 sites were in the range of 0.09 to 11.0 ng m-3 

with a mean of 2.58 ng m-3. The highest level of atmospheric BaP occurred at TY and the lowest 

existed at SY. The BaP values at five sites (WX, BJ, HL, DH and TY) exceeded the national 

standard of annual atmospheric BaP (1.0 ng m-1) by factors of 1.2 to 11.0. For BaPeq, annual 

averages ranged from 0.21 to 22.2 ng m-3 with the predominant contribution from 5-rings PAHs 

(Figure 1b).” (Line 230-235) 

 



Specific comments: 

1.  Line 52. Replace “associated” to “was associated”. 

Reply: Revised as suggested. (Line 57) 

2.  Line 57. Replace “enriches” to “enrich”. 

Reply: Revised as suggested. (Line 62) 

3.  Line 58. Replace “and” to “which”. 

Reply: Revised as suggested. (Line 63) 

4.  Line 91. Delete “in”. 

Reply: Revised as suggested. (Line 96) 

5.  Line 133. Replace “8h” to “8 h”. 

Reply: Revised as suggested. (Line 144) 

6.  Line 146. Replace “3.3μm” to “3.3 μm”. 

Reply: Revised as suggested. (Line 161) 

7.  Line 190. Replace “site” to “sites”. 

Reply: Revised as suggested. (Line 207) 

8.  Line 214.The unit is misspelling. It should be “ng m -3”. 

Reply: Revised as suggested.  

9.  Line 259. Replace “high” to “higher”. 

Reply: Revised as suggested. (Line 294) 

10. Line 264. The abbreviation of boundary layer height is “BLH”. Please replace “BHL” to 

“BLH” throughout the manuscript. 

Reply: Revised as suggested. (Line 307, Line 309, Line 311, Line 316, Line 446, Line 788) 



11. Line 281. Replace “within each northern region” to “within each region in the northern 

China”.  

Reply: Revised as suggested. (Line 330-331) 

12. Line 299. Replace “high” to “higher”. 

Reply: Revised as suggested. (Line 349) 

13. Line 306-308. The sentence “This is also confirmed by the significant correlations of 

∑24PAHs with the biomass burning tracer, levoglucosan, the coal combustion tracer, picene, 

and the vehicle exhaust tracer, hopanes at most sites.” should be re-phrased to “This is also 

confirmed by the significant correlations of ∑24 PAHs with the typical tracers of biomass 

burning (levoglucosan), coal combustion (picene) and vehicle exhaust (hopanes)”. 

Reply: Revised as suggested. (Line 356-357) 

14. Line 314. Replace “biomass tracer” to “biomass burning tracer”. 

Reply: Revised as suggested. (Line 367) 

15. Line 338-340. Provide the full words for the abbreviation “SCE”.  

Reply: Revised as suggested. (Line 391-392) 

16. Figure 8. Please illustrate in the figure caption that the black dot-line represents the ILCR. 

Reply: Revised as suggested. 

17. Table S4. Please add a line in the table to distinguish the sites in the northern China and the 

southern China. 

Reply: We revised Table S4 to distinguish the sites in the northern China and the southern China. 

18. Figure S11. Please add legend in the figure. 

Reply: Revised as suggested. 



Referee comment to acp-2020-576-RC2 

This work conducted comprehensive field measurements of PAHs in fine particles at 12 sites in 

China for one year to investigate the chemical compositions, size-distributions, spatiotemporal 

variations, as well as the public health risk. In addition, diagnostic ratios and PMF model were 

applied to quantify the contributions from different sources to PAHs in northern China and 

southern China, highlighting the significant impacts from coal combustion and biomass burning, 

especially in winter in northern China. The manuscript is generally well written with clear logic, 

fluent language, abundant data, and deep analyses. There are some minor comments and 

suggestions below which are required to address before being accepted. 

Specific comments: 

1. Figure 1, keep the longitude and latitude of the map in same scale. If possible, try to use the 

coordinate of latitude and longitude instead of Cartesian coordinate when drawing the whole 

map of China. 

Reply: Thank you for your suggestion. We add the coordinate of latitude and longitude in Figure 

1. 



 

Figure 1 Annual averages of ∑24 PAHs (a) and BaPeq (b) at 12 sites in China. 

2. Line 91, delete the extra word “in”. 

Reply: Revised as suggested. (Line 96) (The line numbers here refers to the ‘tracking changes’ 



file).  

3. Line 134-135 and Figure 8, state the basis of season division. Why four months are included 

in summer but only two in autumn? 

Reply: Season division is based on consistent annual changes in the weather. According to the 

meteorological definition, each season lasts three months that spring runs from March to May, 

summer runs from June to August, fall (autumn) runs from September to November, and winter 

runs from December to February. In the revised manuscript, we state the basis of season division 

in the caption and revise the figure. Figure 2 here was Figure 8 in the revised manuscript.   

 

Figure 2 Monthly variations of BaPeq and ILCR at sites in the northern China and the southern 



China. The green, yellow, blue and red bars represent BaPeq in fall (October-November, 2012 

and September, 2013), winter (December 2012-February 2013), spring (March-May, 2013), and 

summer (June-August, 2013), respectively. The black dot represented the ILCR. 

 

4. Line 149-153, point out the amount of the added internal standards and the specific extraction 

method. 

Reply: Thank you for your suggestion. In this study, we added 400 μL of internal standards into 

each sample. The extraction method is ultrasonic solvent extraction.  

“Before ultrasonic solvent extraction, 400 μL of isotope-labeled mixture compounds 

(tetracosane-d50, napthalene-d8, acenaphthene-d10, phenanthrene-d10, chrysene-d12, 

perylene-d12 and levoglucosan-13C6) were spiked into the samples as internal standards.” (Line 

161-164) 

 

5. Line 233-235 and 239-241, why most of the PAHs existed in ultrafine particles and the 

fractions in ultrafine particles varied with seasons? Is this related to the emission sources? 

Reply: Yes, it should be related to the emission sources of PAHs. Atmospheric PAHs are mainly 

derived from combustion sources. As Shen et al. (2013) reported (see Figure 3 below), PAHs 

emitted form biomass burning and coal combustion enriched in ultrafine particles (<1.1 μm). 

Moreover, coal combustion witnessed more enrichment of PAHs in ultrafine particles than 

biomass burning. 



 

Figure 3 Size distribution of particle-phase PAHs in emissions for different fuels (Shen et al., 

2013)  

Our PMF results showed an apparently seasonal trend of PAHs sources. For instant, at the 

DH site, the contributions of coal combustion kept decreasing from winter to summer, while 

biomass burning kept increasing (Figure 4a). Such a change in PAH sources indeed resulted in 

the seasonal variations of PAH fractions in ultrafine particles that the mass fractions of Σ24PAHs 

in PM1.1 were the highest during fall to winter and the lowest during summer (Figure 4b). 



 

Figure 4 Seasonal variations of PAHs source contributions at DH (a); size distribution of 

∑24PAHs in different season at DH. 

 



Shen, G.F., Tao, S., Chen, Y.C., Zhang, Y.Y., Wei, S.Y., Xue, M., Wang, B., Wang, R., Lu, Y., 

Li, W., Shen, H.Z., Huang, Y., Chen, H., 2013. Emission characteristics for polycyclic 

aromatic hydrocarbons from solid fuels burned in domestic stoves in rural China. Environ. 

Sci. Technol. 47, 14485-14494. 

 

6. Section 3.3, is there any difference in the sources and contributions among urban, sub-urban 

and rural sites? 

Reply: Figure 5 and Figure 6 show the difference of ∑24PAHs and BaPeq sources at urban, sub-

urban and rural sites, respectively. At urban and sub-urban sites, coal combustion was the 

largest source of ∑24PAHs, followed by biomass burning and vehicle emission, while at remote 

sites the contributions of coal combustion and biomass burning were comparable and vehicle 

emission had minor contributions. Coal combustion was the predominated source of BaPeq, and 

its contribution at urban sites were larger than those at sub-urban and remote sites. 

In the revised manuscript, we add more discussion on the difference in the ∑24PAH and BaPeq 

sources among urban, sub-urban and rural sites in Line 410-415 and Line 426-428. Figure 5 

and Figure 6 was added in the revised manuscript as Figure 7b and Figure 7e. 

“At urban and sub-urban sites coal combustion was the largest source of ∑24PAHs (70.4 ng m-

3, 85.1% and 30.5 ng m-3, 63.5%), followed by biomass burning (10.1 ng m-3, 12.2% and 16.3 

ng m-3, 33.9%) and vehicle emission (2.2 ng m-3, 2.6% and 1.2 ng m-3, 2.5%), while at remote 

sites the contributions of coal combustion (9.1 ng m-3, 50.6% ) and biomass burning (7.8 ng m-

3, 43.7%) were comparable and vehicle emission (1.0 ng m-3, 5.7%) had minor contributions 

(Figure 5) (Line 410-415). Coal combustion was the predominated source of BaPeq, and its 



contribution at urban sites (8.3 ng m-3 and 96.4%) were larger than those at sub-urban (3.3 ng 

m-3 and 90.8%) and remote (1.0 ng m-3 and 82.5%) sites. (Figure 6) (Line 426-428) 

 

Figure 5 Difference of ∑24PAHs sources at urban, sub-urban and remote sites. 



 

Figure 6 Difference of BaPeq sources at urban, sub-urban and remote sites. 

 

7. Line 336-340, the energy consumption data in 2008 from the Statistical Yearbook are not 

suitable for comparison. The data in 2013 can be used here. 

Reply: Thank you for your suggestion. The data in 2013 from the Statistical Yearbook was used 

in the revised manuscript. (see below) 

“As China statistics yearbook recorded 

(http://www.stats.gov.cn/english/Statisticaldata/AnnualData/), coal was the dominant fuel in 

China, accounting for 70.6% (24.1×108 tons of Standard Coal Equivalent, SCE) of total primary 

energy consumption (34.1×108 tons of SCE) in 2012, followed by crude oil 19.9% (6.7×108 

tons of SCE) and other types of energy 9.5%, including biofuel, natural gas, hydro power, 

nuclear power and other power (3.2×108 tons of SCE).” (Line 390-395) 

 



8. Figure 8, it’s better to remove the repeated ordinate title of the middle graphs. 

Reply: Revised as suggested.  

 



Comment on manuscript on acp-2020-576 

Overall, this manuscript is short on bright spots and largely repeats known conclusions. The 

current level does not meet the publication standards of Atmospheric Chemistry and Physics. 

I am not sure that using the same sampling and analysis methods to carry out TSP size-grading 

sampling in northern and southern China can be an advantage of this study. Because the results 

presented by the authors are comparable to those of other studies, this equivalence, to some 

extent, may indicate that the measurements are comparable despite the differences in sampling 

and analysis methods.  

Reply: Thank you for your comment. Public concerns on polycyclic aromatic hydrocarbons 

(PAHs) are mainly due to their carcinogenic potential. As the largest developing country in the 

world, China is the largest PAHs emitter and has high cancer risks caused by PAHs exposure. 

PAHs in different size particles have different health impacts. Thus, it is essential to understand 

size distribution of PAHs levels and sources and discover their difference in health risks among 

typical regions of China (e.g. north vs. south, urban vs. remote). These results are helpful to 

provide a basis for PAHs pollution control and health effects reduction in different regions of 

China. Unfortunately, most previous studies on atmospheric PAHs are undertaken at several 

sites within a local or regional scale in China. Due to the inconsistency in sampling methods, 

frequency and duration in these local and regional campaigns, it is difficult to draw a national 

picture of PAHs pollution in the air of China. To the best of our knowledge, our national 

observation is one of the first studies to acquire comprehensive information concerning 

spatiotemporal characteristics, source apportionment and health risks of size-segregated PAHs 

over a large national scale.  

Based on our observation, we find that PAHs and BaPeq are dominated in PM1.1 at all sites, 



indicating that high carcinogenicity of PAHs is accompanied with ultrafine particles. 

Nationwide increases in both PAH levels and inhalation cancer risks occur in winter, probably 

due to the unfavorable meteorological conditions and enhanced emissions of coal combustion 

and biomass burning. Moreover, in the revised manuscript, we add more discussion focusing 

on PAHs and BaPeq sources in different size particles and among urban, sub-urban and remote 

sites. We find that coal combustion is the major source of BaPeq in all size particles at most 

monitoring sites. We believe that these findings provide insights into PAHs pollution and its 

potential effect on public health in China. Thus, this information is helpful to provide a basis 

for PAHs pollution control and health effects reduction in different regions of China. 

 

The correlation analysis between PAH concentration and meteorological parameters in this 

manuscript might be reconsidered. The meteorological parameters, T, SR, and BHL, were low 

in winter and high in summer, while the concentration of PAHs changed in the opposite way. 

This difference constitutes an inverse correlation between these meteorological parameters and 

the concentration of PAHs. Therefore, the authors’ emphasis on the worsened PAH pollution in 

winter caused by adverse meteorological conditions is lack of argument. It is suggested to 

analyze the correlation between PAH concentration and meteorological parameters in northern 

and southern China in each season, and it is better to normalize the concentration at different 

sites. On the other hand, it is well known that the effect of meteorological conditions on 

pollutants is nonlinear. If feasible, it is desirable to use a nonlinear model to evaluate and even 

quantify the effect of meteorological conditions on the concentration of PAHs. 

Reply: Thank you for your suggestion. Theoretically, adverse meteorological conditions (low 



temperature, solar radiation and boundary layer height, etc.) indeed lead to the increase of 

particulate PAHs. PAHs are semi-volatile compounds (SVOCs) and can partition between the 

gas and particle phases. The gas-particle (G/P) partitioning behavior of atmospheric PAHs can 

be described as equations (1) and (2) (Pankow, 1994). 

𝐾𝑝,𝑂𝑀 =
𝑅𝑇

106𝑀𝑊𝑂𝑀̅̅ ̅̅ ̅̅ ̅̅ ̅̅ 𝜁𝑂𝑀𝑃𝐿
𝑜           (1) 
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1
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−

1
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where Kp, OM represents the absorptive G/P partitioning coefficient of individual PAH, R (m3 Pa/ 

(K/mol)) is the ideal gas constant, T (K) is the ambient temperature. 𝑀𝑊𝑂𝑀
̅̅ ̅̅ ̅̅ ̅̅ ̅⁡(g/mol) is the mean 

molecular weight of organic matter (OM) and is assumed to be 200 g/mol (Xie et al., 2014), 

ζOM is the scale activity coefficient of each compound in the absorbing phase and is usually 

assumed to be unity. PL
o,* is the vapor pressure of each PAH at 298.15K and ∆Hvap

* is 

vaporization enthalpy of the liquid at 298.15K. Thus, for a specific PAH in a single OM phase 

at a fixed relative humidity, the G/P partitioning should be driven by ambient temperature only. 

As Figure 1 showed, the decrease of ambient temperature can cause the increase of Kp, OM. This 

means that the decrease of ambient temperature would result in the increase of individual PAH 

in the particulate phase assuming a constant total concentration in the air. 



 

Figure 1 The Kp, OM (m3 ug-1) under different temperature. 

In the atmosphere, PAHs removal by OH can be described as: 

d𝐶𝑃𝐴𝐻

𝑑𝑡
= −𝑘 ∗ [𝑂𝐻] ∗⁡𝐶𝑃𝐴𝐻⁡⁡    (3) 

where k is the rate constant for the reaction of a PAH with OH radical, CPAH is the concentration 

of individual PAH in the air. Solar radiation (SR) directly affects photochemistry in the air. As 

Figure 2 showed, solar radiation values during our campaign positively correlated with the 

concentrations of hydroxyl radical [OH] which were estimated based on the empirical equation 

(4) (Ehhalt and Rohrer, 2000). Thus, the decrease of SR can indeed lower [OH] and accumulate 

PAHs in the air, resulting in the increase of PAHs concentrations. 

[OH] = a(𝐽𝑂1𝐷)𝛼(𝐽𝑁𝑂2
𝛽)

𝑏𝑁𝑂2+1

𝑐𝑁𝑂2
2+𝑑𝑁𝑂2+1

  (4) 



 

Figure 2 Correlation between OH concentration and solar radiation. 

For the influence of boundary layer, low height of boundary layer can inhibit the vertical 

diffusion of PAHs, which leads to PAHs accumulation and increased concentrations. 

We agree with the reviewer that the effect of meteorological conditions on pollutants is 

nonlinear. It is better to use a nonlinear model to evaluate the effect, which is out of the scope 

of the current study. At least above discussion illustrates theoretical inverse relationships 

between these meteorological parameters (temperature, solar radiation and boundary layer 

height) and the concentration of particulate-bound PAHs. 

As suggested by the reviewer, we try to analyze the correlations between PAH 

concentrations and meteorological parameters in each season. Unfortunately there is only six 

samples in each season at a site. Instead, we divide the one-year data into warm and cold seasons 

based on the ambient temperature. As Figure 3 showed, at most sites in the northern and 

southern China, PAHs negatively correlated with temperature (T), boundary layer height (BLH) 

and solar radiation (SR) in both cold (T < 10  C) and warm (T > 10  C) seasons. Thus, coupled 

with above theoretical discussion, we believe our correlation analysis does reflect the effect of 

meteorological parameter on PAH concentrations. 



In the revised manuscript, we add more discussion about the effect of meteorological 

parameter on PAH concentrations in Line 297-305 and Line 318-323. And Figure 3 was added 

in supporting information file and the revised manuscript as Figure S10. The detail theoretical 

discussion information had been added to the supporting information as Text S1 (The line 

numbers here refers to the ‘tracking changes’ file) 

 

Figure 3 Correlation coefficient (r) of PAHs with T (a), SR (b) and BHL (c) at 12 sites in cold 

and warm season.  

*: p<0.05  

#: the ambient temperature in KM, BN and SY are all exceed ten degree, there are no cold 

season in these three sampling sites. 



In addition, the source analysis of PAHs does not seem to be in-depth. It is expected to 

link the source contribution to the health risks of a specific PAH. This relation will improve the 

understanding of the impact of changes in emission sources on the composition and health risks 

of PAHs, which will be more conducive to the development of effective local control measures. 

Reply: Thank you for your suggestion. BaP carcinogenic equivalent concentration (BaPeq) is 

widely used to evaluate the health risks of PAHs. In the revised manuscript, we add more 

discussion focusing on source apportionment of BaPeq as well as ∑24PAHs in different size 

particles and urban, sub-urban and remote sites. To the best of our knowledge, this is one of the 

first studies to acquire comprehensive information concerning observation-based source 

apportionment of size-segregated PAHs and BaPeq over a large national scale. 

Figure 4 show source apportionment of ∑24PAHs in different regions (a), sampling sites 

(b) and size particles (c). In the northern China, coal combustion was the major source of 

atmospheric PAHs (73.6 ng m-3, 84.2% of ∑24PAHs), followed by biomass burning (11.8 ng m-

3 and 13.5%) and vehicle exhaust (2.0 ng m-3 and 2.3%). In the southern China, coal combustion 

(9.6 ng m-3 and 54.8%) and biomass burning (6.8 ng m-3 and 39.0%) were the major contributors, 

followed by vehicle exhaust (1.1 ng m-3 and 6.2%) (Figure 4a). At urban and sub-urban sites, 

coal combustion was the largest source of ∑24PAHs (70.4 ng m-3, 85.1% and 30.5 ng m-3, 63.5%), 

followed by biomass burning (10.1 ng m-3, 12.2% and 16.3 ng m-3, 33.9%) and vehicle emission 

(2.2 ng m-3, 2.6% and 1.2 ng m-3, 2.5%), while at remote sites the contributions of coal 

combustion (9.1 ng m-3, 50.6% ) and biomass burning (7.8 ng m-3, 43.7%) were comparable 

and vehicle emission (1.0 ng m-3, 5.7%) had minor contributions. The major sources of 

∑24PAHs varied among different size particles in the northern and southern China (Figure 4c). 



For PM>3.3-bound PAHs, the contributions of coal combustion (50.3%) and biomass burning 

(48.4%) were comparable in the northern China, while biomass burning (71.0%) was the largest 

source in the southern China. For PM1.1-3.3-bound PAHs, coal combustion (66.7%) was the 

dominated source in the northern China, whereas the percentage of biomass burning (53.7%) 

was larger than that of coal combustion (40.4%) in the southern China. For PM1.1-bound PAHs, 

coal combustion was the dominated source in the northern (66.6%) and southern (59.3%) China.  

Figure 4 shows source apportionment of BaPeq in different regions (d), sampling sites (e) 

and size particles (f). Unlike ∑24PAHs, coal combustion was the predominant source of BaPeq 

in the northern (8.1 ng m-3 and 95.7%) and the southern (1.1 ng m-3 and 84.7%) China. The 

contributions of coal contribution at urban sites (8.3 ng m-3 and 96.4%) were larger than those 

at sub-urban (3.3 ng m-3 and 90.8%) and remote (1.0 ng m-3 and 82.5%) sites. Coal combustion 

was the dominate source in different size particles. And its contributions to PM>3.3, PM1.1-3.3 and 

PM1.1-bound PAHs in the northern China (87.3%, 95.6% and 96.9%) were all larger than those 

in the southern China (76.8%, 87.3% and 88.2%). 

All these discussion has been added to the revised manuscript in Line 381-386 and Line 

409-430. And Figure 4 was added in the revised manuscript as Figure 7. We believe these 

findings provide insights into the linkage between the source contributions to the health risks 

of atmospheric PAHs and improve the understanding of the impact of changes in emission 

sources on the compositions and health risks of PAHs.  

 



 

Figure 4 Source apportionment of ∑24 PAHs and BaPeq in different regions (a, c), sampling sites 

(b, d) and size particles (c, f).  
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Abstract 23 

Polycyclic aromatic hydrocarbons (PAHs) are toxic compounds in the atmosphere and 24 

have adverse effects on public health, especially through the inhalation of particulate matter 25 

(PM). At present, there are limited understandings in size distribution of particulate-bound 26 

PAHs and its health risk on a continental scale. In this study, we carried out simultaneously a 27 

one-year PM campaign from October, 2012 to September, 2013 at 12 sampling sites including 28 

urban, sub-urban and remote sites in different regions of China. and simultaneously measured 29 

Ssize-segregated PAHs and typical tracer of coal combustion (picene), biomass burning tracer 30 

(levoglucosan) and vehicle exhaust (hopanes) were measured.  at 12 sites across six regions 31 

of China. The annual averages of total 24 PAHs (∑24PAHs) and benzo[a]pyrene (BaP) 32 

carcinogenic equivalent concentration (BaPeq) ranged from 7.56 to 205 ng m-3 with a mean of 33 

53.5 ng m-3 and 0.21 to 22.2 ng m-3 with a mean of 5.02 ng m-3, respectively. At all the sites, 34 

∑24PAHs and BaPeq were dominated in the ultrafine particles with aerodynamic diameter <1.1 35 

μm, followed by those in the size ranges of 1.1-3.3 µm and >3.3 µm. Compared with the 36 

southern China, the northern China witnessed much higher ∑24PAHs (87.36 ng m-3 vs. 17.56 ng 37 

m-3), BaPeq (8.48 ng m-3 vs. 1.34 ng m-3) and PAHs inhalation cancer risk (7.4×10-4 vs. 1.2×10-38 

4). Nationwide increases in both PAH levels and inhalation cancer risk occurred in winter. The 39 

unfavorable meteorological conditions and enhanced emissions of coal combustion and 40 

biomass burning together led to severe PAHs pollution and high cancer risk in the atmosphere 41 

of the northern China, especially during winter. Coal combustion is the major source of BaPeq 42 

in all size particles at most sampling sites. Our results suggested that the reduction of coal and 43 
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biofuel consumption in the residential sector could be crucial and effective to lower PAH 44 

concentrations and its inhalation cancer risk in China. 45 

 46 

Key words: Polycyclic aromatic hydrocarbons; inhalation cancer risk; China; inhalation cancer 47 

risk; coal combustion; biomass burning 48 

  49 
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1. Introduction 50 

Ambient particulate matter (PM) pollution has adverse effects on public health. The global 51 

deaths caused by exposure to the PM with aerodynamic diameters less than 2.5 µm (PM2.5) kept 52 

increasing from 1990 and reached 4.2 million in 2015 (Cohen et al., 2017). In China, ambient 53 

PM2.5 pollution was ranked the fourth leading factor risks for mortality deaths (Yang et al., 54 

2013), and caused 1.7 million premature deaths in 2015 (Song et al., 2017). Adverse health 55 

impacts of PM are associated with particle size and chemical components (Chung et al., 2015; 56 

Dong et al., 2018). Higher risk of cardiovascular disease was associated with smaller size-57 

fractioned particulate matter, especially PM1.0-bound particulate matter (Yin et al., 2020). 58 

Polycyclic aromatic hydrocarbons (PAHs) are a group of organic substancescompounds 59 

composed of two or more  aromatic ringsbenzene rings. Due to the mutagenic, teratogenic, 60 

and carcinogenic properties (Kim et al., 2013), PAHs are one of the most toxic components in 61 

PM (Xu et al., 2008). Toxic PAHs usually enriches in fine particles, especially the aerodynamic 62 

diameters less than 1.0 µm (Wang et al., 2016; Li et al., 2019) and which can enter the human 63 

respiratory system through inhalation (Yu et al., 2015). Exposure to PAHs likely induces DNA 64 

damage and raises the risk of gene mutation (Zhang et al., 2012; Lv et al., 2016) and 65 

cardiopulmonary mortality (Kuo et al., 2003; John et al., 2009). Previous studies have 66 

demonstrated that inhalation exposure to PAHs can cause high risk of lung cancer (Armstrong 67 

et al., 2004; Zhang et al., 2009; Shrivastava et al., 2017). 68 

Atmospheric PAHs are mainly emitted from incomplete combustion of fossil fuels and 69 

biomasses (Mastral and Callen, 2000). As typical semi-volatile chemicals, PAHs can transport 70 

over long distances (Zelenyuk et al., 2012) and have been detected in the global atmosphere 71 

(Brown et al., 2013; Garrido et al., 2014; Hong et al., 2016; Liu et al., 2017a; Hayakawa et al., 72 
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2018). Emission inventory indicated that developing countries were the major contributors to 73 

global PAHs emission (Zhang and Tao, 2009; Shen et al., 2013a). 74 

As the largest developing country in the world, China has large amounts of PAHs emission 75 

and high cancer risk caused by PAHs exposure. The annual emission of 16 USEPA priority 76 

PAHs in China sharply increased from 18 Gg in 1980 to 106 Gg in 2007 (Xu et al., 2006; Shen 77 

et al., 2013a). China became the largest emitter of PAHs on a global scale, accounting for about 78 

20% of the total global PAHs emission during 2007 (Shen et al., 2013a). The excess incremental 79 

lifetime lung cancer risk (ILCR) caused by inhalation exposure to ambient PAHs was estimated 80 

to be 6.5×10-6 in China (Zhang et al., 2009), which was much 5.5 times higher than the 81 

acceptable risk level of 1.0×10-6 in US (USEPA, 1991). As Hong et al. (2016) estimated, the 82 

lifetime excess lung cancer cases caused by exposure to PAHs for China ranged from 27.8-83 

2200 per million people and were higher than other Asia counties.  84 

Moreover, PAHs emission and cancer risk in China have large spatial and seasonal 85 

variations. As reported by Tao and coworkers, high emission of PAHs occurred in the North 86 

China Plain (Zhang et al., 2007), and the emission in winter was 1.6 times higher than that in 87 

summer (Zhang and Tao, 2008). Thus, the lung cancer risk caused by ambient PAH inhalation 88 

exposure in the northern China was higher than that in the southern China (Zhang et al. 2009). 89 

In addition, through long-range atmospheric transport, PAHs emitted in China could spread to 90 

the neighbor countries and regions in Northeast Asia and even reach the western US other 91 

regions of the world (Zhang et al., 2011; Inomata et al., 2012). 92 

For more accurate estimation of inhalation exposure to ambient PAHs and its cancer risks 93 

in China, it is essential to carry out nationwide campaigns to acquire spatial and seasonal 94 
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characteristics of atmospheric PAHs. The data of PAHs in the ambient air are accumulating in 95 

China during the past decades. Among these filed studies, most were conducted in in rapidly 96 

developing economic regions, including the North China region (Huang et al., 2006; Liu et al., 97 

2007a; Wang et al., 2011; Lin et al., 2015a; Lin et al., 2015b; Tang et al., 2017; Yu et al., 2018), 98 

Yangtze River Delta region (Liu et al., 2001; Zhu et al., 2009; Gu et al., 2010; He et al., 2014) 99 

and Pearl River Delta region (Bi et al., 2003; Guo et al., 2003; Li et al., 2006; Tan et al., 2006; 100 

Duan et al., 2007; Lang et al., 2007; Yang et al., 2010; Gao et al., 2011, 2012, 2013, 2015; Yu 101 

et al., 2016), due to large amounts of combustion emission and high density of population in 102 

these regions. These studies provided insight into the fate and health risk of airborne PAHs on 103 

a local or regional scale. However, due to the inconsistency in sampling methods, frequency 104 

and duration in these local and regional campaigns, it is difficult to draw a national picture of 105 

PAHs pollution in the air of China. 106 

There are rare dataset discovering nationwide characteristics of airborne PAHs over China. 107 

Liu et al. (2007b) reported PAHs in the air of 37 cities across China using passive polyurethane 108 

foam (PUF) disks. Wang et al. (2006) and Liu et al., (2017b) determined PM2.5-bound PAHs 109 

over 14 and 9 Chinese cities, respectively. PAHs in the total suspended particle (TSP) and gas 110 

phase were measured over 11 cities in China (Ma et al., 2018; Ma et al., 2020). Besides these 111 

important information of PAHs in the bulk PM, it is vital to determine size distribution of PAHs, 112 

since the size of particles is directly linked to their potential for causing health problems. On 113 

the national scale, at present, there is only one field study available reporting size-segregated 114 

atmospheric PAHs at 10 sites (Shen et al., 2019). Therefore, it is essential to carry out large 115 

range campaigns coving multiple types of sites across different regions to investigate size 116 
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distribution of PAHs levels and sources and discover their difference in health risks among 117 

typical regions of China (e.g. north vs. south, urban vs. remote). the distribution and risk of 118 

atmospheric PAHs in different size particles over China. 119 

In this study, we simultaneously collected filter-based size-fractionated PM samples 120 

consecutively at 12 sites for one year. We analyzed chemical compositions of PAHs as well as 121 

other organic tracers to characterize the spatiotemporal pattern and size distribution of PAHs 122 

over China and to explore the possible sources of PAHs on the national scale. This information 123 

is helpful to provide a basis for PAHs pollution control and health effects reduction in different 124 

regions of China. formulate effective policies on controlling PAHs pollution in different regions 125 

of China. 126 

2. Materials and Methods 127 

2.1 Field sampling 128 

The PM samples were collected simultaneously at 12 sampling sites acrossin 6 regions of 129 

China, including containing five urban sites, three sub-urban sites and four remote sites (Figure 130 

S1 and Table S1 in the supporting information). The Huai River-Qin Mountains Line is the 131 

geographical line that divides China into the northern and southern regions. There are central 132 

heating systems in winter in some urban areas of the northern China, but not so in the southern 133 

China. The 12 sampling sites are Beijing (BJ), Dunhuang (DH), Hefei (HF), Hailun (HL), 134 

Kunming (KM), Qianyanzhou (QYZ), Sanya (SY), Shapotou (SPT), Taiyuan (TY), Tongyu 135 

(TYU), Wuxi (WX) and Xishuangbanna (BN). According to their locations, 6 of the 12 sites 136 

are situated in the northern China, including BJ, DH, Hailun (HL), Tongyu (TYUSPT), Beijing 137 

(BJ), Taiyuan (TY) , Dunhuang (DH) and TYU Shapotou (SPT). And the remaining 6 sites are 138 
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located in the southern China, including BN, Hefei (HF), KM, QYZ, SY and WX.Wuxi (WX), 139 

Qianyanzhou (QYZ), Kunming (KM), Xishuangbanna (BN) and Sanya (SY). 140 

Total suspended particles (TSP) were collected using Anderson 9-stage cascade impactors 141 

(<0.4, 0.4-0.7, 0.7-1.1, 1.1-2.1, 2.1-3.3, 3.3-4.7, 4.7-5.8, 5.8-9.0, >9.0 µm) at a constant flow of 142 

28.3 L/min. Quartz fiber filters (Whatman, QMA) that were used to collect PM samples were 143 

prebaked for 8 h at 450 °C. At each site, one set of nine size-fractionated PM samples were 144 

collected for 48-hr every 2 weeks. 294 sets of field samples and one set of field blanks were 145 

collected. Detailed information of the field sampling can be found elsewhere (Ding et al., 2014).  146 

A total of 294 sets of field samples were collected from October 2012 to September 2013. 147 

Additionally, one set of field blanks were collected at each site in the same way as PM samples 148 

for 5 minutes when the sampler was turned off. Detailed information of the field sampling was 149 

described elsewhere (Ding et al., 2014).According to the meteorological definition, each season 150 

lasts three months that spring runs from March to May, summer runs from June to August, fall 151 

(autumn) runs from September to November, and winter runs from December to February.  152 

The data of average temperature (T), relative humidity (RH), the maximum solar radiation 153 

(SR) during each sampling episode were available in the China Meteorological Data Service 154 

Center (http://data.cma.cn/en). And the average boundary layer height (BLH) was calculated 155 

using the NOAA’s READY Archived Meteorology online calculating program 156 

(http://ready.arl.noaa.gov/READYamet.php). 157 

2.2 Chemical analysis 158 

Since not all size-fractionated filters had detectable levels of PAHs, eEach set of nine filters 159 

were combined into three samples with the aerodynamic diameters smaller than 1.1 µm (PM1.1), 160 

http://data.cma.cn/en
http://data.cma.cn/en
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between 1.1 µm and 3.3 µm (PM1.1-3.3), and large than 3.3 µm (PM>3.3), respectively. Before 161 

ultrasonic solvent extraction, 400 ul of isotope-labeled mixture compounds (tetracosane-d50, 162 

napthalene-d8, acenaphthene-d10, phenethrene-d10, chrysene-d12, perylene-d12 and 163 

levoglucosan-13C6) were spiked into the samples as internal standards. Samples were ultrasonic 164 

extracted twice with the mixed solvent of dichloride methane / hexane (1:1, v/v), and then twice 165 

with the mixed solvent of dichloride methane / methanol (1:1, v/v). The extracts of each sample 166 

were filtered, combined, and finally concentrated to about 1 mL. Then the extracts were divided 167 

into two aliquots for silylation and methylation, respectively. Detailed information information 168 

about the procedures of silylation and methylation can be foundwere introduced  elsewhere 169 

(Ding et al., 2014; Yu et al., 2016).  170 

The methylated aliquot was analyzed for PAHs and hopanes using a 7890/5975C gas 171 

chromatography/mass spectrometer detector (GC/MSD) in the selected ion monitoring (SIM) 172 

mode with a 60 m HP-5MS capillary column (0.25 mm, 0.25 µm). The GC temperature was 173 

initiated at 65 °C, held for 2 min, and then increased to 300 °C at 5 °C min-1 and held for 40 174 

min. The silylated aliquot was analyzed for levoglucosan using the same GC/MSD in the scan 175 

mode with a 30 m HP-5MS capillary column (0.25 mm, 0.25 µm). The GC temperature was 176 

initiated at 65 °C, held for 2 min, and then increased to 290 °C at 5 °C min-1 and held for 20 177 

min. The target compounds were identified by authentic standards and quantified using an 178 

internal calibration approach. Table S2 lists the 24 target PAHs and their abbreviations.  179 

2.3 Quality control and quality assurance 180 

Field and laboratory blanks were analyzed in the same manner as the PM samples. The 181 

target compounds were not detected or negligible in the blanks. The data reported in this study 182 
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were corrected by corresponding field blanks. To test the recovery of the analytical procedure, 183 

we analyzed the NIST urban dust Standard Reference Material (SRM 1649b, n=6) in the same 184 

manner as the PM samples. Compared with the certified values for PAHs in SRM 1649b, the 185 

recoveries were 81.5±1.9%, 66.6±5.4%, 113.6±4.4%, 76.2±2.5%, 100.4±7.9%, 138.3±3.6%, 186 

109.5±14.2%, 125.8±8.8% and 86.4±10.7% for Pyr, Ret, Chr, BbF, BkF, BeP, Per, IcdP and Pic 187 

respectively. The data reported in this study were not recovery corrected. The method detection 188 

limits (MDLs) of the target compounds ranged from 0.01 to 0.08 ng m-3.  189 

2.4 Positive matrix factorization (PMF) analysis 190 

Positive matrix factorization (PMF)A PMF receptor model (USEPA, version PMF 5.0) 191 

was employed for source apportionment of PAHs. The model has been widely used to attribute 192 

PAH major sources of PAHs (Larsen and Baker, 2003; Belis et al., 2011). In case the observed 193 

concentration (Con) of a compound was below its MDL, half of the MDL was used as the model 194 

input data and the uncertainty (Unc) was set as 5/6 of the MDL (Polissar et al., 1998). If the 195 

Con of a compound was higher than its MDL, Unc was calculated as Unc = [(20%Con)2 + 196 

(MDL)2]1/2 (Polissar et al., 1998).  197 

2.5 Exposure assessment 198 

Besides BaP, other PAHs like BaA, BbF, DahA and IcdP are also carcinogenic compounds 199 

(IARC, 2001). In order to assess the carcinogenicity of bulk PAHs, the BaP carcinogenic 200 

equivalent concentration (BaPeq) was calculated by multiplying the concentrations of PAH 201 

individuals (PAHi) with their toxic equivalency factor (TEFi) as:  202 

BaPeq= ∑ PAHi×TEFi   (1)

n

i=1

 203 

In this study, we adopted the TEFs reported by Nisbet and Lagoy (1992) which were 0.001 204 
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for Phe, Flu and Pyr, 0.01 for Ant, Chr and BghiP, 0.1 for BaA, BbF, BkF, BeP, and IcdP, and 205 

1.0 for BaP and DahA. Table S3 lists annual averages of PAH individuals and BaPeq at the 12 206 

sites. 207 

Incremental lifetime lung cancer risk (ILCR) caused by inhalation exposure to PAHs was 208 

estimated as: 209 

ILCR=BaPeq×URBaP       (2) 210 

where URBaP is the unit relative risk of BaP. Based on the epidemiological data from studies in 211 

coke-oven workers, the lung cancer risk of BaP inhalation was estimated to be 8.7×10-5 per ng 212 

m-3 (WHO, 2000). Thus, we used a URBaP value of 8.7×10−5 per ng/m3 in this study. 213 

3. Results and discussion 214 

3.1 General marks 215 

Annual averages of the total 24 PAHs (∑24PAHs) in TSP (sum of three PM size ranges) 216 

ranged from 7.56 to 205 ng m-3 (Figure 1a) among the 12 sampling sites with a mean of 53.5 217 

ng m-3. The highest concentration of ∑24PAHs was observed at TY and the lowest level occurred 218 

at SY (Figure 1a). Compared with the data in other large scale observations (Table 1), 219 

atmospheric concentrations of PAHs measured at the 12 sites in this study were comparable 220 

with previously reported values in China in 2013-2014 (Liu et al., 2017b; Shen et al., 2019) and 221 

U.S. (Liu et al., 2017a), lower than those measured in China in 2003 and 2008-2009 (Wang et 222 

al., 2006; Ma et al., 2018), but higher than those over Great Lakes (Sun et al., 2006), Europe 223 

(Jaward et al., 2004), Japan (Hayakawa et al., 2018) and some Asian countries (Hong et al., 224 

2016). Figure 1a also presents the compositions of PAHs. Apparently, 4- and 5-rings PAHs were 225 

the majority in ∑24PAHs with the mass shares of 36.8±5.6% and 31.4±9.6%, respectively, 226 
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followed by the PAHs with 3-rings (19.2±9.4%), 6-rings (11.3±3.8%), and 7-rings (1.3±0.6%). 227 

The concentrations of ∑24PAHs at urban sites (82.7 ng m-3) were significant higher (p<0.05) 228 

than those at sub-urban (48.0 ng m-3) and remote sites (18.0 ng m-3) (Figure S2).  229 

Annual averages of BaP in TSP among the 12 sites were in the range of 0.09 to 11.0 ng m-230 

3 with a mean of 2.58 ng m-3. The highest level of atmospheric BaP occurred at TY and the 231 

lowest existed at SY. The BaP values at five sites (WX, BJ, HL, DH and TY) exceeded the 232 

national standard of annual atmospheric BaP (1.0 ng m-1) by factors of 1.2 to 11.0. For BaPeq, 233 

annual averages ranged from 0.21 to 22.2 ng m-3 with the predominant contribution from 5-234 

rings PAHsAnnual averages of BaPeq in TSP were in the range of 0.21 to 22.2 ng m-3 (Figure 235 

1b) with a mean of 5.02 ng m-3. The highest BaPeq occurred in TY and the lowest existed in SY. 236 

And 5-rings PAHs contributed most to BaPeq at all sites. In China, the national standard value 237 

of annual atmospheric BaP is 1.0 ng m-1m-3. Among the 12 sites, only three sites (QYZ, BN and 238 

SY) had the BaPeq levels met the national standard. The BaPeq values at the rest sites exceeded 239 

the national standard by factors of 1.5 to 22. ILCR caused by inhalation exposure to PAHs 240 

ranged from 1.8×10-5 (SY) -1.9×10-3 (TY) among the 12 sites in China (Figure S2S3), which 241 

were much higher than the acceptable risk level of 1.0×10-6 in US (USEPA, 1991). All these 242 

demonstrated that China faced severe PAHs pollution and high health risk (Zhang et al., 2009; 243 

Shrivastava et al., 2017). And BePeq (Figure S4) and ILCR (Figure S5) were both the highest at 244 

urban sites. All these indicated that people in urban regions of China were faced with higher 245 

exposure risk of PAHs pollution as compared to those in rural and remote areas. Figure S6 246 

exhibits that 4- and 5-rings PAHs are the majority in ∑24PAHs at urban, sub-urban and remote 247 

sites, which totally accounted 72.2%, 63.8% and 66.6% of the total amounts in TSP, 248 
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respectively. The percentage of 5-rings PAHs dominates at urban sites, and 4-rings PAHs makes 249 

the largest proportion at sub-urban and remote sites (Figure S6). 250 

3.2 Enrichment of PAHs in PM1.1 251 

Figure 2 presents the size distribution of PAHs and BaPeq at the 12 sites in China. Both 252 

∑24PAHs and BaPeq were concentrated in PM1.1, accounting for 44.6-71.3% and 56.7-79.3% of 253 

the total amounts in TSP, respectively. And BaPeq had more enrichment in PM1.1 than ∑24PAHs. 254 

The mass fractions of ∑24PAHs and BaPeq in PM1.1-3.3 were 20.6-39.5% and 16.1-38.3%. The 255 

coarse particles (PM>3.3) had the lowest loadings of ∑24PAHs (7.2-23.4%) and BaPeq (3.0-256 

12.9%). Thus, our observations indicated that PAHs in the ultrafine particles (PM1.1) contributed 257 

most health risk of PAHs in TSP over China. A previous study at three sites in East Asia found 258 

that size distribution of PAHs was unimodal and peaked at 0.7-1.1 μm size (Wang et al., 2009). 259 

A recent study at 10 sites of China also found that PAHs were concentrated in PM1.1 (Shen et 260 

al., 2019). Based on the observation at one site in the Fenhe Plain, northern China, Li et al. 261 

(2019) pointed out that PAHs in the particles with the aerodynamic diameters <0.95 μm 262 

contributed more than 60% to the total cancer risk of PAHs in PM10. All these results 263 

demonstrate that high carcinogenicity of PAHs is accompanied with ultrafine particles, 264 

probably because small particles are apt to invade the blood vessels and cause DNA damage. 265 

Thus, further studies should put more attentions on PAHs pollution in ultrafine particles. 266 

Figure S3 S7 and Figure S4 S8 show seasonal variations in size distribution of ∑24PAHs 267 

and BaPeq, respectively. ∑24PAHs and BaPeq were enriched in PM1.1 throughout the year at all 268 

sites. The mass fractions of ∑24PAHs and BaPeq in PM1.1 were the highest during fall to winter 269 

(up to 74.6% and 79.7% at the DH site), and the lowest during summer (down to 39.2% and 270 
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50.7% at the BN site). It should be related to the emission sources of PAHs. Atmospheric PAHs 271 

are mainly derived from combustion sources. As Shen et al. (2013b) reported, PAHs emitted 272 

form biomass burning and coal combustion enriched in ultrafine particles (<1.1 μm). Moreover, 273 

coal combustion witnessed more enrichment of PAHs in ultrafine particles than biomass 274 

burning. Figure S5 S9 presents monthly variations in size distribution of PAHs with different 275 

number of rings. The mass shares of 3-rings PAHs in PM1.1 (39.2%), PM1.1-3.3 (32.0%) and PM276 

＞3.3 (28.9%) were comparable. And the highest loading of 3-rings PAHs in PM1.1 was observed 277 

in December 2012. The mass fractions of 4-ring PAHs in PM1.1 were the highest in December 278 

2012 (58.4%) and the lowest in July 2013 (39.5%). The higher molecular weight PAHs (5-7 279 

rings PAHs) were enriched in PM1.1 throughout the year. 280 

3.3 High levels of atmospheric PAHs in the northern China 281 

Figure 3 shows the differences of atmospheric PAHs between the northern China (BJ, DH, 282 

HL, SPT, TY and TYUHL, TYU, BJ, TY, DH and SPT) and southern China (BN, HF, KM, 283 

QYZ, SY and WXHF, WX, QYZ, KM, BN and SY). ∑24PAHs in the northern China was higher 284 

than that in the southern China by a factor of 5.0 (Figure 3a). The concentrations of PAHs with 285 

different ring number were all higher in the northern China than those in the southern China, 286 

especially for the 4-7 rings PAHs. Moreover, BaP、BaPeq and ILCR in the northern China were 287 

5.8, 5.3 and 5.3 times higher than those in the southern China (Figure 3b). The higher 288 

concentrations of PAHs in the air of the northern China than the southern China were also 289 

reported in previous field studies (Liu et al., 2017b; Ma et al., 2018; Shen et al., 2019). Based 290 

on the emission inventories and model results, previous studies predicted that PAHs 291 

concentrations, BaP levels and lung cancer risk of exposure to ambient PAHs in the northern 292 
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China were all higher than those in the southern China (Xu et al., 2006; Zhang et al., 2007; 293 

Zhang and Tao, 2009; Zhu et al., 2015). All these indicated much higher PAHs pollution and 294 

health risk in the northern China. 295 

The northern-high feature of atmospheric PAHs should be determined by the 296 

meteorological conditions and source emissions. Theoretical relationship between 297 

meteorological parameters (temperature, solar radiation and boundary layer height) and the 298 

concentration of particulate-bound PAHs were discussed, the detail theoretical discussion 299 

information can be found in Text S1 in the supporting information. We illustrate that decrease 300 

of ambient temperature would result in the increase of individual PAH in the particulate phase 301 

assuming a constant total concentration in the air. The decrease of SR can indeed lower 302 

concentrations of hydroxyl radical [OH] and accumulate PAHs in the air, resulting in the 303 

increase of PAHs concentrations. And low height of boundary layer can inhibit the vertical 304 

diffusion of PAHs, which leads to PAHs accumulation and increased concentrations. As Figure 305 

4 showed, PAHs exhibited strong negative correlations with temperature (T), solar radiation 306 

(SR) and the boundary layer height (BHLBLH), especially in the northern China. This indicated 307 

that the unfavorable meteorological conditions, such as low levels of temperature, solar 308 

radiation and BHL BLH could lead to PAHs accumulation in the air (Sofuoglu et al., 2001; 309 

Callén et al., 2014; Lin et al., 2015a; Li et al., 2016a). In fact, annual averages of T, SR and 310 

BHL BLH in the northern China were all significant lower than those in the southern China 311 

(p<0.05, Table S4), which could indeed cause the accumulation of PAHs in the air of the 312 

northern China. In addition, low temperature in the northern China would promote the 313 

condensation of semi-volatile PAHs on particles (Wang et al., 2011; Ma et al., 2020). At the 314 
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southern sites, the negative correlations between PAHs and meteorological parameters (SR and 315 

BHLBLH) were not as strong as those in the northern sites. This implied that the adverse 316 

influence of meteorological conditions on PAHs pollution in the southern China might be less 317 

significant than that in the northern China. Then we divide the one-year data into warm and 318 

cold seasons based on the ambient temperature. As Figure S10 showed, at most sites in the 319 

northern and southern China, PAHs negatively correlated with temperature (T), boundary layer 320 

height (BLH) and solar radiation (SR) in both cold (T < 10  C) and warm (T > 10  C) seasons. 321 

Thus, coupled with theoretical discussion, we suggested that worsened PAH pollution in winter 322 

partly caused by adverse meteorological conditions.  323 

For PAHs emission, there are apparent differences in sources and strength between the 324 

northern and southern regions. For instance, there is central heating a heating season during 325 

winter in the northern China, but not so in the southern China. The residential heating during 326 

winter cold period in the northern China could consume large amounts of coal and biofuel, and 327 

release substantial PAHs into the air (Liu et al., 2008; Xue et al., 2016). Consequently, 328 

atmospheric levels of PAHs in the northern China were much higher than those in the southern 329 

China. Since central heating systems start heat supply simultaneously within each region in the 330 

northern Chinaeach northern region, atmospheric PAHs should increase synchronously within 331 

the northern regions of China. To check the spatial homogeneity of PAHs on a regional scale, 332 

we analyzed the correlation of PAHs between paired sites within each region. As Table 2 333 

exhibited, PAHs varied synchronously and correlated well at the paired sites in the northern 334 

China (p<0.001). And closer distance between sites, stronger correlations were observed. The 335 

spatial synchronized trendshomogeneity of PAHs observed in the northern regions of China 336 
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probably resulted from the synchronous variation of PAHs emission in the northern China. In 337 

the southern China, although the distances between paired sites were closer than those in the 338 

northern regions, the correlations between sites within a region was weaker. This indicated that 339 

there might be more local emission which sources and strength vary place to place in the 340 

southern China. 341 

We applied diagnostic ratios of PAH isomers to identify major sources of atmospheric 342 

PAHs. The ratios of IcdP/(IcdP+BghiP) and Flu/(Flu+Pyr) have been widely used to distinguish 343 

possible sources of PAHs (Aceves and Grimalt, 1993; Zhang et al., 2005; Ding et al., 2007; 344 

Gao et al., 2012; Lin et al., 2015a; Ma et al., 2018). As summarized by Yunker et al. (2002), the 345 

petroleum boundary ratios for IcdP/(IcdP+BghiP) and Flu/(Flu+Pyr) are close to 0.20 and 0.40, 346 

respectively; for petroleum combustion, the ratios of IcdP/(IcdP+BghiP) and Flu/(Flu+Pyr) 347 

range from 0.20 to 0.50 and 0.40 to 0.50, respectively; and the combustions of grass, wood and 348 

coal have the ratios higher than 0.50 for both IcdP/(IcdP+BghiP) and Flu/(Flu+Pyr). As Figure 349 

5 showed, the ratios of Flu/(Flu+Pyr) at the 12 sites ranged from 0.49 to 0.76, suggesting that 350 

biomass (grass/wood) burning and coal combustion were the major sources. And the ratios of 351 

IcdP/(IcdP+BghiP) were in the range of 0.32 to 0.62, indicating that besides biomass and coal 352 

combustion, petroleum combustion, especially vehicle exhaust was also an important source of 353 

atmospheric PAHs. Thus, as identified by the diagnostic ratios, biomass burning, coal 354 

combustion and petroleum combustion were major sources of atmospheric PAHs over China. 355 

This is also confirmed by the significant correlations of ∑24 PAHs with the typical tracers of 356 

biomass burning (levoglucosan), coal combustion (picene) and vehicle exhaust (hopanes) This 357 

is also confirmed by the significant correlations of ∑24PAHs with the biomass burning tracer, 358 
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levoglucosan, the coal combustion tracer, picene, and the vehicle exhaust tracer, hopanes at 359 

most sites (Figure 6). As global emission inventories showed, PAHs in the atmosphere were 360 

mainly released from the incomplete combustion processes including coal combustion, biomass 361 

burning and vehicle exhaust (Shen et al., 2013a). 362 

To further attribute PAHs sources, we employed the PMF model to quantify source 363 

contributions to atmospheric PAHs at the 12 sites in China. Three factors were identified, and 364 

the factor profile resolved and the typical factor profiles by PMF were presented in Figure 365 

S6S11. The first factor was identified as biomass burning, as it had high loadings of the biomass 366 

burning tracer, levoglucosan and light weight molecular PAHs such as Phe, Ant, Flu and Pyr 367 

which are largely emitted from biomass burning (Li et al., 2016b). The second factor was 368 

considered to be coal combustion, as it was characterized by high fractions of the coal 369 

combustion marker, picene and the high molecular weight PAHs including DahA and BghiP 370 

(Oros and Simoneit, 2000Shen et al., 2013b). The third factor was regarded as vehicle exhaust, 371 

as it was featured by presence of hopanes, which are molecular markers tracking vehicle 372 

exhaust widely used as the tracers of traffic emission (Cass, 1998; Dai et al., 2015). As Figure 373 

S7 S12 showed, there was significant agreement between the predicted and measured PAHs at 374 

each site (R2 in the range of 0.78 to 0.99, p<0.001). As the emission inventory of PAHs in China 375 

showed, residential/commercial, industrial and transportation were the major sectors of 376 

atmospheric PAHs in 2013 (Figure S8S13, http://inventory.pku.edu.cn). Residential/commercial 377 

and industrial sectors mainly consumed coal and biofuel while transportation consumed oil 378 

(Shen et al., 2013a). Thus, the mainly sources of PAHs in China were coal combustion, biomass 379 

burning and petroleum combustion (especially vehicle exhaust). 380 



 

19 
 

Figure 7a presents atmospheric PAHs emitted from different sources in China. In the 381 

northern China, coal combustion was the predominant major source of atmospheric PAHs (73.6 382 

ng m-3, 84.2% of ∑24PAHs), followed by biomass burning (11.8 ng m-3 and 13.5%) and vehicle 383 

exhaust (2.0 ng m-3 and 2.3%). In the southern China, coal combustion (9.6 ng m-3 and 54.8%) 384 

and biomass burning (6.8 ng m-3 and 39.0%) were the major contributors, followed by vehicle 385 

exhaust (1.1 ng m-3 and 6.2%). Atmospheric PAHs emitted from the three sources in the 386 

northern China were all higher than those in the southern China, especially from coal 387 

combustion. Thus, coal combustion was the most important source of atmospheric PAHs in 388 

China and caused large increases in PAHs pollution in the northern China. As China statistics 389 

yearbook recorded (http://www.stats.gov.cn/english/Statisticaldata/AnnualData/), coal was the 390 

dominant fuel in China, accounting for 65.2%70.6% (2024.1×108 tons of Standard Coal 391 

Equivalent, SCE) of total primary energy consumption in 20072012, followed by crude oil 392 

17.219.9% (5.36.7×108 tons of SCE) and biofuel 8.3% (2.5×108 tons of SCE) and other types 393 

of energy 9.5%, including biofuel, natural gas, hydro power, nuclear power and other power 394 

(3.2×108 tons of SCE). Although the biofuel consumption was lower than crude oil, the poor 395 

combustion conditions during residential biofuel burning could led to higher PAHs emissions 396 

as compared to petroleum combustion. 397 

We further compared our results with those in the PAHs emission inventory of China 398 

(http://inventory.pku.edu.cn) (Figure S9S14). Our source apportionment results focused on fuel 399 

types, while the emission inventory classified the sources into 6 socioeconomic sectors 400 

(residential & commercial activities, industry, energy production, agriculture, deforestation & 401 

wildfire, and transportation). Since the transportation mainly used liquid petroleum (gasoline 402 
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and diesel) and the rest sectors mainly consumed solid fuels (coal and biomass), we grouped 403 

these sectors into liquid petroleum combustion and solid fuel burning to directly compare with 404 

our results. As Figure S9 S14 showed, both our observation and emissions inventory 405 

demonstrated that the PAHs contributions from solid fuel burning was higher in the northern 406 

China, while the PAHs contributions from liquid petroleum combustion was higher in the 407 

southern China. 408 

Atmospheric PAHs emitted from different sources at urban, sub-urban and remote sites 409 

(Figure 7b) and different size particles (Figure 7c) were discussed. At urban and sub-urban sites, 410 

coal combustion was the largest source of ∑24PAHs (70.4 ng m-3, 85.1% and 30.5 ng m-3, 63.5%), 411 

followed by biomass burning (10.1 ng m-3, 12.2% and 16.3 ng m-3, 33.9%) and vehicle emission 412 

(2.2 ng m-3, 2.6% and 1.2 ng m-3, 2.5%), while at remote sites the contributions of coal 413 

combustion (9.1 ng m-3, 50.6% ) and biomass burning (7.8 ng m-3, 43.7%) were comparable 414 

and vehicle emission (1.0 ng m-3, 5.7%) had minor contributions. The major sources of 415 

∑24PAHs varied among different size particles in the northern and southern China (Figure 7c). 416 

For PM>3.3-bound PAHs, the contributions of coal combustion (50.3%) and biomass burning 417 

(48.4%) were comparable in the northern China, while biomass burning (71.0%) was the largest 418 

source in the southern China. For PM1.1-3.3-bound PAHs, coal combustion (66.7%) was the 419 

dominated source in the northern China, whereas the percentage of biomass burning (53.7%) 420 

was larger than that of coal combustion (40.4%) in the southern China. For PM1.1-bound PAHs, 421 

coal combustion was the dominated source in the northern (66.6%) and southern (59.3%) China.  422 

Source apportionment of BaPeq in different regions (Figure 7d), sampling sites (Figure 7e) 423 

and size particles (Figure 7f) were also discussed. Unlike ∑24PAHs, coal combustion was the 424 
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predominant source of BaPeq in the northern (8.1 ng m-3 and 95.7%) and the southern (1.1 ng 425 

m-3 and 84.7%) China. The contributions of coal contribution at urban sites (8.3 ng m-3 and 426 

96.4%) were larger than those at sub-urban (3.3 ng m-3 and 90.8%) and remote (1.0 ng m-3 and 427 

82.5%) sites. Coal combustion was the dominate source in different size particles. And its 428 

contributions to PM>3.3, PM1.1-3.3 and PM1.1-bound PAHs in the northern China (87.3%, 95.6% 429 

and 96.9%) were all larger than those in the southern China (76.8%, 87.3% and 88.2%). 430 

Here, we concluded that the unfavorable meteorological conditions and intensive emission 431 

especially in coal combustion together led to severe PAHs pollution and high cancer risk in the 432 

atmosphere of the northern China. 433 

3.4 Nationwide increase of PAHs pollution and health risk during winter 434 

Figure 8 exhibits monthly variations of BaPeq and ILCR at the 12 sites. BaPeq levels were 435 

the highest in winter and the lowest in summer at all sites. As Figure 8 showed, the enhancement 436 

of BaPeq from summer to winter ranged from 1.05 (SY) to 32.5 (SPT). And such an 437 

enhancement was much more significant at the northern sites than the southern sites. Hence, 438 

ILCR was significantly enhanced in winter, especially in the northern China (Figure 8) and was 439 

much higher than the acceptable risk level of 1.0×10-6 in US (USEPA, 1991). Previous studies 440 

in different cities of China also reported such a winter-high trend of atmospheric PAHs (Liu et 441 

al., 2017b; Ma et al., 2018; Shen et al., 2019). Thus, there is a nationwide increase of PAHs 442 

pollution during winter in China. 443 

The winter-high feature of PAHs pollution should result from the impacts of 444 

meteorological conditions and source emissions. The winter to summer ratios of PAHs 445 

correlated well with that for temperature (Figure S10S15). And T, SR and BHL BLH were all 446 
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the lowest during winter and the highest during summer (Table S5-7). Coupled with the 447 

negative correlations between PAHs and meteorological factors (Figure 4), the unfavorable 448 

meteorological conditions in wintertime did account for the increase in PAHs pollution. 449 

Moreover, PAHs emitted from coal combustion and biomass burning apparently elevated 450 

during fall-winter (Figure 9). In the northern China, central heating systems in urban areas 451 

usually start from November to next March. Meanwhile residential heating in the rural areas of 452 

northern China consumes substantial coal and biofuel (Xue et al., 2016). Thus, the energy 453 

consumption in the residential sector is dramatically enhanced during fall-winter (Xue et al., 454 

2016). In the southern China, although there is no central heating system in urban areas, power 455 

plant and industry consume large amounts of coal. And there is also residential coal/biofuel 456 

consumption for heating during winter as well as cooking in rural areas (Zhang et al., 2013; Xu 457 

et al., 2015). In addition, open burning of agriculture residuals which accounts for a major 458 

fraction of the total biomass burning in China will significantly increase during fall-winter 459 

harvest seasons in the southern China (Zhang et al., 2013). Our observation and emissions 460 

inventory witnessed similar monthly trends that the PAHs from solid fuel combustion (coal and 461 

biomass) apparently elevated during fall-winter in the northern and southern China (Figure 462 

S11S16). Previous field studies also found that the contributions of coal combustion and 463 

biomass burning to PAHs elevated during fall-winter (Lin et al., 2015a; Yu et al., 2016). Thus, 464 

we concluded that the unfavorable meteorological conditions and intensive source emission 465 

together led to the increase of PAHs pollution during winter.  466 
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Table 1 PAHs concentration measured in this study and comparison with those of other large scale 765 

observations.  766 

Site/type Sampling period Sample type # of sites # of species PAHs (ng/m3) Reference 

Chinaa Oct, 2012-Sep, 2013 PM1.1 12 24 3.4-126.2 This study 

Chinaa Oct, 2012-Sep, 2013 PM1.1-3.3 12 24 2.4-55.7 This study 

Chinaa Oct, 2012-Sep, 2013 PM>3.3 12 24 1.8-22.7 This study 

China/Urban 2003 PM2.5 14 18 1.7-701 Wang et al., 2006 

Chinab 2005 PUF 40 20 374.5e Liu et al., 2007 

China/Urban 2013-2014 PM2.5 9 16 14-210 Liu et al., 2017b 

China/Urban Aug, 2008-July, 2009 PM2.5 11 16 75.4-478 Ma et al., 2018 

Chinac Jan, 2013-Dec, 2014 PM9.0
e 10 12 17.3-244.3 Shen et al., 2019 

Great Lakes 1996-2003 PUF 7 16 0.59-70 Sun et al., 2006 

Asian countriesd Sep, 2012-Aug, 2013 PUF 176 47 6.29-688 Hong et al., 2016 

U.S. 1990-2014 PUF 169 15 52.6 Liu et al., 2017a 

Japan 1997-2014 TSP 5 9 0.21-3.73 Hayakawa et al., 2018 

Europe 2002 PUF 22 12 0.5-61.2 Jaward et al., 2004 

a: including 5 urban sites, 3 sub-urban sites and 4 remote sites in China  767 

b: including 37 cities and 3 rural locations in China 768 

c: including 5 urban sites, 1 sub-urban site, 1 farmland site and 3 background sites in China  769 

d: including 82 urban sites, 83 rural sites and 11 background sites in China, Japan, South Korea, 770 

Vietnam, and India 771 

e: the unit was ng/day 772 
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Table 2 Correlation coefficient (r), significance (p) of PAHs between paired sites in each region. 774 

 Northern China  Southern China 

regions north northeast northwest  east southwest 

paired sites BJ-TY HL-TYU DH-SPT  WX-HF KM-BN 

distance between sites 400 km 450 km 940 km  280 km 380 km 

r 0.97 0.80 0.63  0.77 - 

p <0.001 <0.001 0.001  <0.001 0.09 

 775 

 776 

 777 
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 778 

Figure 1 Annual averages of ∑24PAHs (a) and BaPeq (b) at 12 sites in China.  779 
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 780 

Figure 2 Size distribution of total measured PAHs (a) and BaPeq (b) at 12 sites over China.  781 
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 783 

Figure 3 Comparison between the northern and the southern China in ∑24PAHs, 3-7 rings PAHs 784 

(a) and BaP, BaPeq and ILCR (b). 785 

786 
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 787 

Figure 4 Correlation coefficient (r) of PAHs with T (a), SR (b) and BHL BLH (c) at 12 sites. 788 

The red, blue and gray bars indicate p<0.01, p<0.05 and p>0.05, respectively.  789 



 

43 
 

 790 

 791 

Figure 5 Diagnostic ratios of IcdP/(IcdP +BgiP) versus Flu/(Flu+Pyr) at 12 sites in China. 792 

Ranges of ratios for sources are adopted from Yunker et al. (2002). 793 
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 795 

Figure 6 The correlation between PAHs and levoglucosan, picene and hopanes at sites in the 796 

northern China (a-c) and the southern China (d-f).   797 
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 798 

Figure 7 Source apportionment of ∑24 PAHs and BaPeq in different regions (a, c), sampling sites 799 

(b, d) and size particles (c, f).  800 

Figure 7 Source apportionment of atmospheric PAHs in the northern and the southern China. 801 
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 803 

Figure 8 Monthly variations of BaPeq and ILCR at sites in the northern China and the southern 804 

China. The green, yellow, blue and red bars represent BaPeq in fall (October − November, 2012 805 

and September, 2013), winter (December 2012 – February 2013), spring (March – May, 2013), 806 

and summer (June − AugustSeptember, 2013), respectively.  807 
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 809 

Figure 9 Seasonal variations of PAHs source contributions in China. 810 

 811 
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